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Abstract
Agricultural practices can cause excess inputs of soluble reactive phosphorus (SRP) to
freshwater catchments leading to eutrophication. This study evaluates spatio-temporal
variability of SRP in an agricultural streambed including the influence of groundwaterstream interactions, and examines the associated geochemical and hydrological controls.
High porewater SRP (>1000 µg/L) and high SRP sediment fractions were observed in low
groundwater discharge zones, specifically in the shallow (≤ 0.1 m) streambed sediments.
Porewater SRP concentrations were linked to iron redox cycling with SRP concentrations
concordant with more reducing conditions. Porewater SRP varied temporally but distinct
seasonal changes were not observed. The conditions in the shallow streambed sediments
switched from less-reducing to more-reducing conditions between sampling times with SRP
release to the stream more likely when the shallow streambed was more reducing. The study
findings are needed to improve water quality predictions and management practices aimed at
reducing P stream loads.

Keywords
Agriculture streams, eutrophication, phosphorus, nutrients, groundwater-surface water
interactions, hyporheic flow, oxidation-reduction potential.
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Summary for Lay Audience
Agriculture practices introduce large amounts of excess nutrients (including phosphorus (P))
into the environment. This is an issue as high amounts of P lead to harmful algae blooms in
surface waters including Lake Erie. Algae blooms can have negative impacts on the
environment, economy, and human health. In recent years, actions have been taken to try to
reduce the amount of P that accumulates in the environment, but so far these actions have
been largely unsuccessful. “Legacy P stores” – large build-ups of P that occur over many
years in the environment such as in soils and streambed sediments – may be one reason why
excess P inputs persist. Unfortunately, our understanding of how P moves in the environment
is incomplete. Specifically, we need to better understand how P may be trapped or released
from streambed sediments, as these sediments act as an important legacy P storage zone. This
study aims to assess which conditions – seasonal, chemical, or geological – allow for P to be
released from agriculture streambed sediments.
This study collected water and streambed sediment samples from a 40 m stream reach
located in Kintore Creek, Thames watershed, Ontario, Canada, to examine what influences
SRP mobility in streambed sediments. The main study findings include (i) high SRP
concentrations were found in the streambed particularly in areas of low sediment
permeability; (ii) high SRP concentrations were located in the shallow (≤ 0.1 m deep)
sediments; (iii) SRP retention and release from the streambed sediment was closely linked
with redox conditions; (iv) seasonal changes in the flow of water into and out of the
streambed may, depending on the direction, either cause SRP to accumulate or to be released
from the shallow streambed sediments. The study findings are needed to improve water
quality predictions and to guide management practices implemented to address high P
storage in streambed sediments.
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Chapter 1

1

Introduction

1.1 Research Background
Inland waters in Canada and around the world are threatened by high inputs of nutrients
including phosphorus (P) (Le Moal et al., 2019; Paerl, Hall, & Calandrino, 2011). In
freshwater systems, P is typically the limiting nutrient for algal growth and therefore high
P inputs are often of key concern for water quality management programs (Correll, 1998;
Jarvie et al., 2013; Smil, 2000). While P is an essential nutrient needed for plant growth
and ecosystem health, P can have detrimental environmental impacts when P loads
exceed the amount that an ecosystem is able to buffer (Van Meter et al., 2021; Withers &
Jarvie, 2008). Excess P loads can trigger surface water eutrophication, which can lead to
algal blooms and oxygen depletion (Riemersma, Little, Ontkean, & Moskal-Hebert,
2006). This is harmful to aquatic ecosystems and can also directly impact human health
and drinking water sources (Bol et al., 2018). In Canada, large lakes including Lake Erie
and Lake Winnipeg have been challenged by eutrophication in recent years caused by
excess P inputs (Jarvie et al., 2017; Van Meter et al., 2021).
P in the environment can be from natural sources including mineral weathering,
atmospheric deposition, wildlife, and organic matter decomposition (Lewandowski &
Nützmann, 2010; Riemersma et al., 2006). However, P can also be from anthropogenic
sources such as wastewater treatment plant discharges, septic systems, and run-off from
agriculture and urban areas (Riemersma et al., 2006; Withers & Jarvie, 2008). In many
Canadian watersheds, including the Lake Erie and Lake Winnipeg Basins, considerable
effort has been devoted to reducing P loads by focusing on reduction of P point sources
(i.e., improved wastewater treatment plants; Bol et al., 2018) and non-point sources (i.e.,
best management practices for agriculture; Jarvie et al., 2013). Despite these efforts, high
P loading to inland waters persists with non-point sources now widely considered to be
the main contributor to high P loads in many watersheds (Bol et al., 2018; Van Meter et
al., 2021). Furthermore, while total P (particulate and dissolved P) loads have decreased
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over the past few decades in some watersheds, including across the Lake Erie Basin,
there has been a sustained increase in soluble reactive P (SRP) loads (Baker et al., 2019;
Jarvie et al., 2017). This is a concern because SRP is the bioavailable form of P that is
taken up by aquatic plants and biota (Riemersma et al., 2006; C. Robinson, 2015). The
sustained increase in SRP loads over time may be due to slow release of SRP from P
stores that have accumulated in the landscape over decades – commonly referred to as
legacy P stores (Jarvie et al., 2013; Van Meter et al., 2021). Legacy P stores are generated
by the long-term (i.e., over years to decades) accumulation or slow movement of P in the
subsurface including soils. Legacy P stores build up in the landscape in areas including
streambed sediments, riparian buffers, wetlands, shallow and deep soil zones, aquifer
systems, and downslope areas where sediment deposits accumulate (Jarvie et al., 2013;
Records, Wohl, & Arabi, 2016; Sharpley et al., 2013). While storage of legacy P in the
environment can act as a temporary P sink thereby reducing P loads to downstream
surface waters in the short term, over time these legacy stores may be re-mobilized
(Brookfield et al., 2021; Lapworth, Gooddy, & Jarvie, 2011; Records et al., 2016). As
such, these legacy stores have the potential to continue to contribute SRP to downstream
surface waters over time despite ongoing management efforts to reduce P point and nonpoint sources (Jarvie et al., 2013; Withers, Neal, Jarvie, & Doody, 2014).
Prior studies have observed high SRP concentrations (>100 µg/L) in streambed porewater
in both urban (Fitzgerald, Roy, & Smith, 2015; Roy & Bickerton, 2014) and agricultural
stream reaches (Burns, Comber, Blake, Goddard, & Couldrick, 2015; Casillas-Ituarte,
Sawyer, Danner, King, & Covault, 2019; Jarvie et al., 2008; Lewandowski & Nützmann,
2010). Many of these studies that have observed high SRP streambed porewater
concentrations used a large scale sampling design (low resolution sampling at multiple
field sites) and only sampled one to two times at each site (Casillas-Ituarte et al., 2019;
Jarvie et al., 2008; Roy & Bickerton, 2014). While this approach provides important
broad-scale understanding, it provides limited understanding of the spatio-temporal
distribution of porewater SRP below and along a streambed. This understanding is
needed to understand the factors that may promote the release of SRP from the streambed
to the stream. A few studies have conducted high resolution small scale (i.e., cm scale)
streambed porewater sampling to observe the spatial variation of SRP within a
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streambed, however these studies typically used few (one to three) samplers and therefore
were not able to capture the variations in SRP that result from natural streambed
heterogeneity nor temporal variability (Burns et al., 2015; Jarvie et al., 2008;
Lewandowski & Nützmann, 2010). To our knowledge, Fitzgerald et al. (2015) is the only
prior study to present high spatial resolution streambed SRP concentrations along and
across a stream reach. However, this study was conducted in an urban stream reach, and
did not evaluate how SRP concentrations vary with depth below the streambed surface,
nor how concentrations may vary over time, including seasonally. Casillas-Ituarte et al.
(2019) recently concluded based on sediment extraction results for streambed sediment
collected at two times from two agricultural stream reaches that streambed porewater
SRP concentrations vary seasonally (Casillas-Ituarte et al., 2019). However further work
is required to support this finding including more frequent sampling of SRP streambed
porewater over an entire hydrologic year.
In addition to uncertainty regarding the spatio-temporal variability of porewater SRP in
streambeds, it remains unclear what is the cause for high SRP porewater concentrations
and whether it is associated with, for instance, deposition of P-enriched streambed
sediments, or with groundwater moving up through the streambed (e.g., from an adjacent
field). Geochemical controls and groundwater-stream interactions (including hyporheic
exchange) may also play an important role in the accumulation and re-mobilization of P
in streambeds, and its potential release to a stream (Lapworth et al., 2011). While prior
studies have shown oxidation reduction potential (ORP) to be an important control on the
availability or retention and re-mobilization of SRP in streambeds (Casillas-Ituarte et al.,
2019; Jarvie et al., 2008; Lewandowski & Nützmann, 2010; Roy & Bickerton, 2014),
other chemical parameters including pH and temperature may also be important
(Casillas-Ituarte et al., 2019). Measurement of the underlying hydrological conditions
(including groundwater-stream interaction patterns), and sediment sampling and sediment
chemical analyses are not generally within the scope of prior studies examining SRP
distributions in streambed sediments (Fitzgerald et al., 2015; Jarvie et al., 2008; Roy &
Bickerton, 2014). One study that did conduct sediment analysis to characterize sedimentbound P in streambed sediments did not relate the findings to understanding of the spatiotemporal distribution of SRP within the streambed (Casillas-Ituarte et al., 2019).
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These uncertainties regarding the spatio-temporal variability in the abundance and
distribution of SRP in streambeds and the geochemical and hydrological controls on SRP
mobility, including its retention and release to sediments in streambeds, need to be
addressed. This is needed to better understand P behaviour near the groundwater-stream
interface including factors that may promote mass transfer of legacy P from streambed
sediments to the overlying stream. In turn, this information can be used to inform water
quality modeling efforts as well as improve design and implement more management
strategies for reducing SRP loads to agriculture streams.

1.2

Research Objective

Currently there is considerable uncertainty regarding the spatio-temporal variability and
geochemical and hydrological controls on SRP in streambeds and its potential discharge
to the stream. To address this research gap, the objectives of this thesis are:
1) Assess the spatio-temporal variability in streambed porewater SRP concentrations
along an agricultural stream reach including the influence of groundwater-stream
interactions; and
2) Identify the geochemical and hydrological controls on the distribution and flux of
SRP in the streambed along an agricultural stream reach.
The findings of this research are applicable to gaining lowland streams located in
intensely managed agriculture areas.

1.3

Thesis Outline

This thesis is written in “Integrated Article Format”. Brief descriptions of each chapter
are presented below.
Chapter 1: Introduces the research background, identifies the research gaps, and presents
the research objectives.
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Chapter 2: Provides a literature review with a focus on eutrophication, P sources in the
environment, and physical and geochemical controls on P near the groundwater-stream
interface.
Chapter 3: Presents the field site information, research methods, field data, and data
analysis used to assess the spatio-temporal variation in streambed porewater SRP
concentrations and identify geochemical and hydrological controls on streambed SRP
porewater concentrations.
Chapter 4: Provides a summary of the main research findings and recommendations for
future studies.
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Chapter 2

2

Literature Review

2.1 Phosphorus in inland waters
Phosphorus (P) and nitrogen are essential nutrients for plant growth in the natural
environment (Correll, 1998; Withers & Jarvie, 2008). In freshwater aquatic systems, P is
often the limiting nutrient due to its slow mobilization, the typically low solubility of
phosphates, and its ability to transform to an insoluble form (Correll, 1998; Jarvie et al.,
2013; Smil, 2000). P in the environment exists in multiple different forms (Figure 2-1),
and how P transforms between its various forms is complex and dynamic. P can be either
inorganic or organic P and exist in either particulate or dissolved forms (Records et al.,
2016). Inorganic dissolved P (also referred to as soluble reactive P or SRP) is the most
bioavailable form of P with orthophosphate being the most common compound of SRP
(Records et al., 2016). Orthophosphate is the primary form of P that can be assimilated by
living organisms including plants and algae and therefore is often of great concern in
aquatic systems (Correll, 1998; Domagalski & Johnson, 2012; Records et al., 2016). The
various forms of P and transformation processes are discussed further in Section 2.3.
While P is a necessary component for all living things, excess P can be detrimental to the
natural environment. Excess P in freshwater systems creates eutrophic conditions which
can lead to a number of environmental, societal and economic issues (Le Moal et al.,
2019; Paerl et al., 2011; Van Meter et al., 2021; Withers & Jarvie, 2008). In freshwater
systems, eutrophication can lead to, for example, harmful and potentially toxic algal
blooms, hypoxic conditions, issues with drinking water treatment, fish kills, and reduced
biodiversity (Correll, 1998; Jarvie et al., 2013; Smil, 2000). Eutrophication is a persistent
problem around the world and an urgent environmental issue that needs to be addressed
(Bol et al., 2018).
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Figure 2-1. Forms of P in the environment.
Lake Erie in North America has been challenged by eutrophication for decades. In the
1960s Lake Erie experienced severe eutrophication, which led to the implementation of
various best management practices (BMP) focused on reducing P loads to surface waters.
Such practices included improved wastewater treatment, a reduction in the use of Pcontaining detergents, and implementation of agricultural BMPs such as conservation
tilling, the use of riparian buffers, and a reduction in use of P fertilizers (Bol et al., 2018;
Han, Allan, & Bosch, 2012; Jarvie et al., 2013). In response to these efforts the water
quality in Lake Erie improved through the 1980s and 1990s. However, in recent years
eutrophication of Lake Erie has re-emerged as a major challenge with the lake
experiencing large harmful algal blooms and hypoxic conditions (Han et al., 2012; Jarvie
et al., 2017). To address the re-eutrophication of Lake Erie, the Canadian and Ontario
governments committed to reducing loads of total P and SRP by 40% of the 2008 loads
by 2025 (Ministry of the Environment and Climate Change, 2018). Reaching this
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reduction target requires a clear understanding of the various sources contributing P to
Lake Erie, as well as understanding of the effectiveness of various possible P reduction
approaches.

2.2 Sources of Phosphorus
The sources of P to an aquatic system must be well understood in order to effectively
manage excess P inputs (Bol et al., 2018). P in the environment is derived from a number
of natural and anthropogenic sources. Natural sources of P to aquatic systems include
weathering of parent sediment material, atmospheric deposition, and wildlife such as
waterfowl and migratory fish (Records et al., 2016; Riemersma et al., 2006; Withers &
Jarvie, 2008). P can also be released from the decomposition of organic matter, a process
which is primarily driven by microbial mineralization (Records et al., 2016). This process
is discussed in greater detail in Section 2.3.
While there are many natural sources of P, human activity can have a large impact on P
availability in aquatic systems (Records et al., 2016). Anthropogenic sources of P include
wastewater discharge including from municipal treatment plants and from septic system
drain fields, industrial effluent, urban stormwater runoff, and agricultural practices
(Jarvie et al., 2013; Smil, 2000; Withers & Jarvie, 2008). Sources of anthropogenic P can
be classified as either point or non-point sources. Point sources of P include wastewater
and industrial effluent (Jarvie et al., 2013; Records et al., 2016; Smil, 2000). Non-point
sources include, for example, agricultural and urban runoff (Jarvie et al., 2013; C.
Robinson, 2015; Smil, 2000). While point sources of P have been reduced in recent years
due to more effective treatment and management strategies, it is well recognized that
non-point sources still pose a large problem (Kane, Conroy, Peter Richards, Baker, &
Culver, 2014; Records et al., 2016; Riemersma et al., 2006). Non-point sources tend to be
more difficult to quantify and manage due to their diffuse nature and temporal variability,
as well as the complex relationships that exist between nutrient use, nutrient delivery, and
biological response (Withers et al., 2014).
Agriculture is considered an important non-point source of P to aquatic systems due to
the large amounts of P-containing fertilizers applied to the land (Domagalski & Johnson,
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2012; Lewandowski & Nützmann, 2010; Withers et al., 2014). This is a challenging
problem to tackle as fertilizers are necessary for current farming practices to improve
yield and meet the food demands (Chowdhury, Moore, Weatherley, & Arora, 2017;
Lewandowski & Nützmann, 2010). It is difficult to limit P losses from agricultural fields
while still maintaining agricultural productivity and profitability (Withers et al., 2014).
While soil erosion, surface runoff, and field tile drainage are commonly viewed as the
main pathways delivering P from agricultural fields to surface waters, under certain
conditions groundwater may also be an important pathway (Domagalski & Johnson,
2011; Riemersma et al., 2006; Roy & Malenica, 2013). However, until recently
groundwater was often dismissed as a pathway delivering P to surface waters due to the
tendency of P to associate with sediments by, for example, adsorption to metal (iron,
manganese, aluminum) oxides, clay minerals, and calcium carbonates (Correll, 1998;
Domagalski & Johnson, 2011; Riemersma et al., 2006; Roy & Malenica, 2013).
Furthermore, determining P inputs to surface waters via the groundwater pathway is
complex and costly, particularly at a large scale, and is therefore rarely done (Riemersma
et al., 2006). P concentrations in groundwater are generally highly variable with the
mobility of P in the subsurface depending on various factors including but not limited to
sediment type, climatic conditions, crop type and fertilizer management (C. Robinson,
2015). Additionally, the mobility of P in the subsurface is governed by specific
geochemical conditions. For example, P is generally found to be less mobile in more oxic
conditions and in sediments with high iron content (Domagalski & Johnson, 2011).
Large quantities of P from both point and non-point sources can accumulate in the
landscape in areas such as downslope areas, riparian zones, wetlands and stream and river
beds (Jarvie et al., 2013; Sharpley et al., 2013). P that accumulates is commonly referred
to as “legacy P” (Jarvie et al., 2013; Sharpley et al., 2013). In this thesis, “legacy P
stores” are defined as P that has accumulated or is slow moving in the subsurface or soils
over long time scale (i.e., over years to decades). Legacy P stores accumulate in the
landscape due to the high tendency of P to associate with sediment via adsorption and
precipitation. While legacy P stores can act as a temporary P sink, thereby providing
short term benefits for downstream surface waters, over time these zones of storage may
reach capacity (e.g., sorption capacity of the sediment is reached) or P may be released
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from these stores. For instance, P legacy stores may be re-mobilized under changing
hydrological or geochemical conditions, such as when there is a change in land use and
management or in response to large weather (flooding, droughts) events (Brookfield et
al., 2021; Jarvie et al., 2013; Lapworth et al., 2011; Records et al., 2016). Van Meter
(2021) estimated 96% of P inputs to Grand River (the largest watershed in Canada that
drains directly into Lake Erie) have been retained in the basin since 1900, creating a large
legacy P store with the potential to directly impact Lake Erie for many decades as the
legacy P is gradually re-mobilized.
Legacy P stores in streambed sediments specifically may have an important impact on the
quality of downstream surface waters. This is because sediments in aquatic systems –
including streambed sediments – that have a long history of P exposure retain large
amounts of P which can, under certain physical and geochemical conditions, be released
directly to the overlying surface water (Orihel et al., 2017). Specifically, it has been
found that in the Lake Erie region, the streambed sediments in small agricultural streams
act as a source of legacy P that can be released depending on the physiochemical
conditions (Casillas-Ituarte et al., 2019). It can take decades for legacy P stores to
become depleted, and therefore these legacy stores have the potential to continue to
contribute large quantities of P to surface waters despite ongoing P reduction
management efforts (Jarvie et al., 2013; Withers et al., 2014).

2.3 P forms and reactivity in the environment
P exists in multiple forms in the aquatic environment, and can cycle between the aqueous
phase, mineral associated phase, and the biomass associated phase in both the water
column and the sediments through several geochemical and biological processes (Figure
2-2).
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Figure 2-2. Conceptual diagram of key geochemical and biological processes that
affect P forms in the aquatic environment (in the water column and in the
sediments). Pictured processes include (a) Precipitation; (b) Dissolution; (c)
Adsorption; (d) Desorption; (e) Mineralization/Hydrolysis; (f) Immobilization (g)
Recrystallization; (h) Assimilation; (i) Exudates (modified from Orihel et al., 2017).
Sorption and precipitation reactions are important processes by which P becomes
associated with sediments, thereby limiting its mobility in the subsurface (Domagalski &
Johnson, 2012; Lewandowski & Nützmann, 2010). The high tendency of P to precipitate
and sorb to natural soils is one of the reasons that groundwater is often disregarded as an
important mechanism for P delivery to streams (Riemersma et al., 2006). However, while
P can be retained in the subsurface via sorption or precipitation, it can also be
remobilized via desorption or dissolution. Therefore, sediments, including streambed
sediments, can act as either a P source or sink to the overlying waters, depending on
which process dominates (Bai et al., 2017).
The role of sorption on the retention-release of P to sediments strongly depends on the
geochemical conditions including the availability of sorption surface sites. P sorbs readily
to alumino-silicates (clays), metal (iron [Fe] and aluminum [Al]) oxides and hydroxides
through ligand-exchange, electrostatic attraction, or surface complexation (Orihel et al.,
2017; Withers & Jarvie, 2008). As a result sediment with initially high contents of clay,
Al, or Fe will have a large influence on the sorption of P (Bai et al., 2017; Orihel et al.,
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2017; Prasad & Chakraborty, 2019; Withers & Jarvie, 2008). P sorption is likely to be an
important immobilization mechanism in sediments, including streambed sediments, under
oxidizing conditions and slightly acidic pH (pH in the range of 5.0 to 7.0) which leads to
an increase in the number of sorption sites (Casillas-Ituarte et al., 2019; Domagalski &
Johnson, 2011). In addition, higher temperatures may increase bonding energy which is
also favourable for adsorption (Bai et al., 2017).
Adsorption is a reversable process, and therefore changes in geochemical conditions can
cause immobilized P be to be released from the sediment via desorption (Prasad &
Chakraborty, 2019). An increase in pH which can affect the number of available surface
sites for sorption, an onset of reducing conditions which can cause metal oxides to
dissolve, or a decrease in temperature may all promote desorption and the release of
adsorbed P (Bai et al., 2017; Orihel et al., 2017; Withers & Jarvie, 2008). Competitive
sorption between P and other anions such as hydroxyl ions, arsenate, sulfate, bicarbonate,
oxalate and kaolinite, can also lead to P desorption and release (Orihel et al., 2017). In
addition, the surface of sediments have a finite number of adsorption sites available for P
to bind to. Once these sites have been filled and the adsorptive capacity of the sediment
surface has been reached, excess P is no longer retained and will remain in solution to be
transported through either the stream water or the groundwater (Domagalski & Johnson,
2012).
Under some conditions, including in areas where the sorption capacity of the sediment
has been reached, precipitation and dissolution can be an important mechanisms affecting
P mobility (Records et al., 2016). However, often it is difficult to determine which
process dominates between adsorption and precipitation, and in some instances it is
possible that both are occurring (Bol et al., 2018; Records et al., 2016). P may become
immobilized by forming precipitants with elements including calcium (Ca), Fe,
manganese (Mn) and Al (Withers & Jarvie, 2008). While these precipitation reactions can
effectively trap SRP, the reverse reaction – dissolution – can release SRP under certain
conditions. Temperature, pH, alkalinity, and redox conditions all influence the
precipitation and dissolution of phosphate-containing solid phases in an aquatic system.
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The abundance of Fe in sediment is often an important factor for SRP retention as Fe
solid phases can retain or release SRP through adsorption or precipitation depending on
the prevailing redox conditions and pH (Figure 2-3). Fe(II) exists under reducing
conditions and is mobile in groundwater. When Fe(II) oxidizes to Fe(III), it tends to form
Fe oxides and hydroxides, which are important as they (a) are favourable for SRP to sorb
to, and (b) can co-precipitate with SRP to form Fe phosphate precipitates (Baken, Salaets,
et al., 2015; Bol et al., 2018; Withers & Jarvie, 2008). The Fe(II) phosphate mineral,
vivianite, can precipitate and immobilize SRP, typically in eutrophic systems under
reducing conditions (House, 2003; Withers & Jarvie, 2008). On the other hand, Fe(III)
phosphate minerals will precipitate under oxic conditions and generally acidic conditions
(Baken, Salaets, et al., 2015; Bol et al., 2018; Orihel et al., 2017; Van Der Grift,
Rozemeijer, Griffioen, & Van Der Velde, 2014).
In addition to Fe, Mn redox cycling including the precipitation of Mn oxides can also
affect SRP retention and release via adsorption or co-precipitation, however this typically
occurs to a lesser extent compared to SRP retention on Fe oxides (Orihel et al., 2017;
Prasad & Chakraborty, 2019). Under acidic conditions, Al hydroxides can also retain
SRP via adsorption or co-precipitation reactions (independent of redox conditions)
(Kopáček, Hejzlar, Borovec, Porcal, & Kotorová, 2000). Additionally, in calcareous
sediment, P can co-precipitate with Ca to form Ca phosphate minerals under high pH and
higher temperatures, but dissolve under low pH and low temperatures (House, 2003;
Neidhardt et al., 2018; Orihel et al., 2017; Records et al., 2016; Withers & Jarvie, 2008).
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Figure 2-3. Iron cycling in the environment (modified from Brookfield et al., 2021).
Biological processes also affect the retention and release of P in aquatic systems.
Mineralization is a process whereby soil microbes convert organic P into the bioavailable
inorganic P (Lewandowski, Meinikmann, Nützmann, & Rosenberry, 2015; Prasad &
Chakraborty, 2019). Organic P is generated in the environment through the
decomposition of organic matter, including crop residue (Prasad & Chakraborty, 2019).
The reverse process is known as immobilization, which transforms inorganic P to organic
P, which can then be absorbed by soil microbes (Prasad & Chakraborty, 2019). Redox
conditions, soil moisture, soil temperature, pH, and microbial population all impact P
mineralization/immobilization processes (Casillas-Ituarte et al., 2019; Prasad &
Chakraborty, 2019). More oxic conditions including higher availability of oxygen and
nitrogen, as well as higher temperatures, are favorable for mineralization to take place
(Boström, Andersen, Fleischer, & Jansson, 1988; Søndergaard, Jensen, & Jeppesen,
2003). Aside from P, ammonium (NH4) is also generated via the mineralization of
organic matter (Lewandowski et al., 2015).

2.4 Groundwater-stream interactions and potential
influence on P fluxes to streams
Groundwater discharge is recognized as an important pathway for delivering nutrients to
streams including streams in the Great Lakes Basin (Riemersma et al., 2006; C.
Robinson, 2015). It is estimated that 5-25% of all inflowing water to the Great Lakes is
from groundwater discharge into streams (Kornelsen & Coulibaly, 2014). This potentially
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large input can impair surface water quality, if the groundwater has high concentrations
of nutrients relative to the receiving surface waters. Furthermore, groundwater discharge
may in some areas be a continuous sustained source of P to overlying surface waters,
especially in summer when streams are often under baseflow conditions and groundwater
inputs dominate (C. Robinson, 2015). Groundwater-surface water interactions may affect
nutrient loads in streams as a result of the magnitude and direction of bulk water flow,
geochemical processes, and residence times (Brookfield et al., 2021; C. Robinson, 2015).
Groundwater provides long residence times (years to decades) compared to surface water
residence times (hours to days). These differences in residence times affect the
geochemical conditions of the groundwater, therefore affecting nutrient abundance and
availability through processes including mineral weathering and microbial activity
(Brookfield et al., 2021). It is difficult however to identify the impact that groundwater
has on nutrient loading to surface waters due to the high spatial and temporal variability
in groundwater discharge patterns, as well as complex geochemical processes and high
heterogeneity in P concentrations in groundwater (Brookfield et al., 2021; C. Robinson,
2015). To date, few studies have assessed the impact and role that groundwater, and
groundwater-surface water interactions, may have on P loading to streams (Brookfield et
al., 2021).
The behaviour of P in the groundwater-stream transition zone below a streambed is
affected by groundwater-stream interactions including groundwater discharge, diffusion,
and hyporheic exchange processes, as well as by sediment characteristics (permeability,
porosity, mineralogy, organic matter content), and the biogeochemical conditions within
the transition zone (Conant, Robinson, Hinton, & Russell, 2019; Winter, Harvey, Franke,
& Alley, 1998). In this thesis, the transition zone is defined as the volume beneath and
adjacent to a stream, where conditions transition from a groundwater dominated system
to a surface water dominated system, including the streambed sediments and hyporheic
zone (Binley et al., 2013; Conant et al., 2019; USEPA, 2008). The hyporheic zone
(Figure 2-4) is the area of the streambed where shallow groundwater and surface water
mixing occurs, with the extent of mixing and its impact on chemical fluxes influenced by
the magnitude and direction of flow, geochemistry of the mixing waters, and chemistry
(including mineralogy) of the streambed sediments (Binley et al., 2013; Brookfield et al.,
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2021; Conant et al., 2019; McClain et al., 2003; C. Robinson, 2015; Winter et al., 1998).
Hyporheic zones are often considered biogeochemical “hot spots” as these areas often
have disproportionately high reaction rates relative to the landscape. The high reaction
rates occur because hyporheic zones often have sharp changes in chemical concentrations
due to the surface water (typically more oxidizing) being brought into close contact with
streambed sediments and groundwater (typically more reducing) (Binley et al., 2013;
Conant et al., 2019; McClain et al., 2003; C. Robinson, 2015; Winter et al., 1998).
Streambed sediments including the hyporheic zone can be either a source or a sink of P to
the overlying stream. They may switch from acting as a source or sink of P in response to
changes including seasonal variations in chemical conditions such as altered redox
conditions or mineralization rates, or by higher stream flows leading to more contact of
surface waters with reactive sediments (Brookfield et al., 2021; C. Robinson, 2015).

Figure 2-4. Conceptualization of groundwater-surface water interactions including
the hyporheic zone below a gaining stream (modified from Winter et al., 1998).

21

Transport of P between the streambed and overlying surface water occurs by physical
processes including advection, diffusion, sedimentation and resuspension, as depicted in
Figure 2-5 (Orihel et al., 2017; Withers & Jarvie, 2008). Advection is caused by the
hydraulic head difference between the adjacent aquifer and stream and includes
hyporheic flow into or out of the streambed sediments. Advective transport can result in
net release of dissolved P from the streambed to the stream, or alternatively may transport
dissolved P from the stream into the sediments depending on P availability in the stream
and streambed, and the streambed geochemistry (Orihel et al., 2017; Withers & Jarvie,
2008).
The bulk flow of water in the stream as well as through the hyporheic zone can also
impact the fate of particulate P by creating conditions favorable for sedimentation or
resuspension (Van Der Grift et al., 2014; Withers & Jarvie, 2008). Low flows can cause
sedimentation to occur and particulate P to settle on the streambed surface (House, 2003).
Alternatively, moderate to high stream flows can cause sediments to become agitated and
particulate P to be resuspended from the streambed and be transported downstream
(House, 2003; Lannergård, Norlin, & Huser, 2020).
While advection, sedimentation and resuspension are influenced by the bulk fluid flow,
diffusion is controlled by concentration gradients that exist across the hyporheic zone.
SRP will migrate from areas of high SRP to areas of low SRP, and therefore can travel
into or out of the hyporheic zone depending on the direction of the concentration gradient
(Withers & Jarvie, 2008). Changes in dissolved P concentrations in the sediment
porewater and/or overlying surface water can be influenced by the various transformation
processes which occur in the water column or the streambed porewater (i.e., sorption and
desorption, precipitation and dissolution, mineralization and immobilization). Therefore,
depending on the geochemical conditions of the streambed sediments or surface water
(i.e., redox, pH, organic matter content), the direction of diffusion can be either into or
out of the sediments, and can vary over time (i.e., seasonally) (Orihel et al., 2017;
Withers & Jarvie, 2008).
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Figure 2-5. Conceptual diagram of key physical processes that affect P transport
between the stream and streambed sediment (modified from Orihel et al., 2017).

2.5 Occurrence and behaviour of P near the groundwaterstream interface
A number of studies have examined porewater SRP concentrations in the streambeds of
agricultural and urban stream reaches (a summary of prior studies can be found in Table
2-1). These studies have successfully indicated that high porewater concentrations of SRP
(>1000 µg/L) in agriculture streambeds are not uncommon and therefore these streambed
may be a potentially important source of SRP to downstream surface waters (Burns et al.,
2015; Casillas-Ituarte et al., 2019; Lewandowski & Nützmann, 2010). Despite this,
spatial variations in streambed porewater SRP concentrations and factors controlling
these variations are still not well understood. Understanding the governing processes
responsible for the release and retention of these high SRP concentrations in streambed
sediments is challenging as natural aquatic systems are complex and dynamic. This
makes it difficult to isolate the key processes responsible for observed spatial and
temporal variations in SRP concentrations and fluxes near the groundwater-stream
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interface (Bol et al., 2018). Furthermore, improved understanding of the factors that may
release SRP from streambed sediments may help to explain elevated surface water P
concentrations seen in other studies, such as the results reported by Mackie, Levison,
Binns, & O’Halloran (2021) who observed elevated surface water P concentrations
during low-flow periods. This section focuses on reviewing prior studies that have
evaluated the occurrence and behaviour of SRP in streambeds, including identifying
knowledge gaps that need to be addressed to better understand factors controlling SRP
mobility across the groundwater-stream interface.
A number studies have conducted low spatial resolution sampling of SRP porewater
concentrations in streambeds. Roy and Bickerton (2014) conducted a study looking at
porewater SRP concentration in shallow streambeds at approximately 665 sites. They
observed SRP concentrations of >30 µg/L on average, and up to a maximum of ~1500
µg/L. This study further confirmed that streambed porewater may have high SRP
concentrations. However, this larger scale study did not explore spatial variations at a
scale smaller than 10-20 m. Additionally, this study was focused on urban streams and
riparian zones, as opposed to agriculture streams. Recently, Casillas-Ituarte et al. (2019)
conducted a study focused on SRP release from streambed sediments in agriculture
streams. Their methodology focused on performing sediment extractions on collected
shallow streambed sediment rather than porewater sampling. They found a negative
correlation between SRP and ORP, indicating that more reducing conditions may lead to
higher SRP concentration through dissolution and desorption. However, this conclusion
was based off of the chemical conditions of the surface water, as the ORP of the
streambed and porewater was not assessed. By extracting porewater samples from the
sediment cores, they determined that the streambed porewater at their two study sites may
have SRP concentrations of between 100-1000 µg/L and 100-600 µg/L. As they only
collected two sediment cores from two different sites, the spatial variability in the
porewater SRP concentrations within and along the study stream reaches was not
examined.
A few studies have conducted high spatial resolution sampling of SRP porewater
concentrations in streambeds. Jarvie et al. (2008) conducted a field study examining SRP
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concentrations across the groundwater-stream interface in pristine and agriculturally
impacted streams using DET (diffusive equilibrium in thin film) gel probes allowing for
high spatial resolution sampling at 15 cm intervals. With their sampling, they were able
to show that SRP concentrations in streambeds varied on a small spatial scale. They
discussed the concept of an “oxic cap” that potentially explained the spatial patterns in
their SRP porewater concentration results, whereby oxic conditions exist close to the
streambed surface and immobilize SRP through precipitation and sorption. Jarvie et al.
(2008) concluded that the presence of this oxic cap may inhibit SRP release from
streambed sediments to the overlying stream. However, it is unclear if the oxic cap is
continuous throughout a streambed, or if it varies temporally. Additionally, ORP
conditions of the streambed were not actively monitored during this study due to field
and equipment limitations. While they did monitor the porewater SRP at a high spatial
resolution within the top 15 cm of streambed sediment, samples were not collected from
deeper depths and only three sample probes were used per sample site at three different
sites, potentially missing out on variations in SRP porewater concentrations along the
stream reach. More recently, Burns et al. (2015) employed similar methods as Jarvie et al.
(2008) using DGT (diffusive gradient in thin-films) probes to study SRP concentrations
in shallow streambed sediments. They assessed five different stream locations, with two
of those streams impacted only by agriculture. They showed that the shallow (~15 cm
deep) streambed sediments in agricultural areas contained large amounts of SRP
averaging 3477 ± 690 µg/L at one site and 267 ± 16 µg/L at another, indicating that
streambed sediments in agricultural areas may be an important source of high SRP
concentrations to the stream. However, they had similar limitations as Jarvie et al. (2008)
as they only sampled at two agriculturally-impacted sites and provided limited insight
into how SRP varied with depth into the streambed or which flow patterns may have
contributed to the observed SRP variability. Fitzgerald, Roy, & Smith (2015) conducted
one of the most spatially detailed studies examining the occurrence and fluxes of P in
streambed sediments in urban streams, utilizing both piezometer and passive peeper
samplers. This study focused on a relatively small (20 m) stream reach with spatial
resolution of ~1 m sampling intervals. Sampling depths included 10 and 40 cm below the
streambed surface (piezometers) and approximately every 5 cm within the first 25 cm of
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the streambed sediment (peeper samplers). While this study provided insight into spatial
variation in SRP concentrations and potential SPR fluxes to the stream, the focus was on
urban stream reaches (not agriculture streams) and they did not explore in detail how SRP
concentrations varied with depth below the streambed and provided limited
understanding of temporal variability in SRP concentrations and fluxes. Finally,
Lewandowski & Nützmann (2010) provided one of the most spatially detailed studies of
the hyporheic zone specifically, using a two-dimensional passive sampler with 1 cm
resolution spacing. With this they were able to show that SRP concentrations can reach
up to 3000 µg/L in shallow streambed sediment, and that these concentrations vary
spatially at a small (cm) scale. They were also able to propose potential hyporheic flow
paths through the streambed based on the observed SRP concentrations and suggested
that the SRP distribution in the streambed is linked to hyporheic exchange patterns. They
observed a strong correlation (R2 = 0.82) between SRP and dissolved Fe in the shallow
hyporheic zone of the stream (cm scale), suggesting that the reductive dissolution of Fe
oxides may be an important process for the release of SRP. However, this study was
limited to the top ~15 cm of the streambed sediments and only one location was sampled
at one sampling time.
Temporal variability in SRP concentrations and fluxes, including seasonal variability, is
not well understood with prior studies often conducting insufficient sampling to
determine seasonal patterns (i.e., Burns et al., 2015; Jarvie et al., 2008; Lewandowski &
Nützmann, 2010; Roy & Bickerton, 2014). For instance, Casillas-Ituarte et al. (2019)
collected streambed sediment cores on two separate occasions in the summer and in the
spring. They observed SRP porewater concentrations to be higher in summer compared
to spring, but, as sampling was only conducted on two sampling times, more detailed
seasonal patterns were not observed. Fitzgerald et al. (2015) did collect porewater
samples from the study site approximately monthly over an 8-month period, and while
temporal variability was observed, these results were not the focus of their study and
therefore were not discussed.
Additionally, sources of high porewater SRP in streambeds can be difficult to determine.
Roy & Bickerton (2014) and Jarvie et al. (2008) were unable to identify the sources of
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high SRP concentrations in the streambeds they monitored as chemical sediment analysis
was not within the scope of their studies. Jarvie et al. (2008) did propose that the high
observed SRP concentrations may be due to mineralization of organic matter or reductive
dissolution of Fe(III) materials. They also proposed that spatial variability in porewater
SRP concentrations may be linked to sediment heterogeneity and/or organic matter
content. Casillas-Ituarte et al. (2019) conducted detailed chemical sediment analysis to
understand SRP fractions bound to the streambed sediment. However, as they did not
conduct detailed porewater sampling, the relationship between the availability of SRP in
the porewater and sediment phases was not well explored. Lewandowski & Nützmann
(2010) conduced a loss on ignition test for three shallow sediment cores collected from a
lake that was near their stream sampling site. Their results showed that sediment organic
matter content decreased with depth and from this they suggested that mineralization of
organic matter may be contributing to the observed high porewater SRP concentrations in
shallow sediments at their stream sampling site. However, this was speculative as the
chemical sediment analysis was not conducted at their specific stream sampling site.
This review of the literature has revealed that a number of factors affect the fate and
transport of P in streambeds making it challenging to assess P fluxes across the
groundwater-stream interface. Aside from the physical process which can affect the
transport of both particulate and dissolved P, there are also several geochemical and
biological controls which affect the form and mobility (e.g., adsorbed versus dissolved)
of P in the streambed and overlying stream surface water. The uncertainties regarding the
spatio-temporal variability and geochemical sources and controls on SRP mobility need
to be addressed to better understand groundwater as a potential pathway delivering SRP
to streams and to understand factors that will promote release of legacy P from streambed
sediments. This knowledge is needed to implement more effective management strategies
for the reduction of SRP loads to agriculture streams.
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Table 2-1. Summary of prior studies examining SRP concentrations in surface water
and porewater in a variety of stream settings.
Study

Roy &

SRP concen-

SRP concen-

trations in

trations in

porewater

surface

(ug/L)

water (ug/L)

Typically >30 Unknown

Stream type

Urban

Methods

Sampling

used

frequency

Drivepoints

Approx. once

Bickerton,
2014
Casillas-

per site
Max. = 1500

Site S

Ituarte et al.,
2019

Range = 9 -

Agriculture

118

Sediment

Twice for

cores

porewater,

Range = 100-

approx.

600

monthly for
surface water

Casillas-

Site G

Ituarte et al.,
2019

Range = 9 -

Agriculture

118

Sediment

Twice for

cores

porewater,

Range = 100-

approx.

1000

monthly for
surface water

Jarvie et al.,

Stretford site

2008
Avg. = 2207
± 1562

Avg. = 489

Agriculture +

DET gel

Once for

Septic

probes;

porewater,

Sediment

approx.

cores

weekly for
surface water
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Jarvie et al.,

Belton site

Avg. = 31

Agriculture

2008
Avg. = 26 ±
17

DET gel

Once for

probes;

porewater,

Sediment

approx.

cores

weekly for
surface water

Jarvie et al.,

Digby site

Avg. = 8

Pristine

2008
Avg. = 4 ± 3

DET gel

Once for

probes;

porewater,

Sediment

approx.

cores

weekly for
surface water

Fitzgerald et

Mean = 22 to

al., 2015

Mean = 18-23 Urban

Peepers;

Peepers three

790

Piezometers

times;

(piezometers)

on banks

Piezometers
eight times
(approx.
monthly)

Lewandowsk Mean = ~300
i&

Unknown

(wells)

Agriculture

Groundwater

Biweekly

river

wells (only

from Oct

one installed

2006 to Sept

directly in

2008 (wells);

streambed)

Once for

and peeper-

samplers

Nützmann,
2010

Max. = 3000
(samplers)

like samplers
Burns et al.,

Washford

2015

Pyne Site
Avg. = 267 ±
16

Avg. = 70 ± 4

Heavy

DGT probes

Three probes

agriculture

per site,

influence

deployed
once
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Burns et al.,

Creacombe

Average = 33

Low

2015

Site

±6

agriculture

per site,

diffuse

deployed

influence

once

Avg. = 3477
± 690

DGT probes

Three probes
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Chapter 3

3

Spatio-temporal variability and geochemical and
hydrologic controls on porewater SRP in the streambed
along an agricultural stream reach

3.1 Introduction
Freshwater systems around the world, including Lake Erie and Lake Winnipeg in
Canada, are experiencing eutrophication due to excess inputs of phosphorus (P) (Le Moal
et al., 2019; Paerl et al., 2011). Surface water eutrophication can trigger harmful and
potentially toxic algal blooms and oxygen depletion. In some cases this leads to impaired
quality of source water for drinking, fish kills, and reduced biodiversity (Bol et al., 2018;
Correll, 1998; Jarvie et al., 2013; Schindler, 1974; Smil, 2000). Freshwater
eutrophication also has high economic costs. For example, algal blooms in freshwater
systems across the United States are estimated to cost the ~$2.4 billion USD annually
(Wurtsbaugh, Paerl, & Dodds, 2019).
P in the environment can be derived from natural sources, such as mineral weathering,
wildlife and organic matter decomposition, and atmospheric deposition (Lewandowski &
Nützmann, 2010; Riemersma et al., 2006). However, P can also be supplied to surface
waters by anthropogenic sources including runoff from agriculture and urban areas, and
wastewater inputs from municipal treatment plants and septic systems (Riemersma et al.,
2006; Withers & Jarvie, 2008). For the past 50 years, strategies such as enhanced
wastewater treatment and agricultural best management practices have been implemented
in the Lake Erie Basin to reduce P inputs, but these efforts have only been partially
successful (Bol et al., 2018; Jarvie et al., 2013; Schindler, Carpenter, Chapra, Hecky, &
Orihel, 2016; Van Meter et al., 2021). Although total P (particulate and soluble P) loads
to Lake Erie have decreased over this time frame, there has been a sustained increase in
soluble reactive P (SRP; inorganic soluble P) loads (Baker et al., 2019; Bol et al., 2018;
Jarvie et al., 2017; Van Meter et al., 2021). The increase in SRP loads is of concern
because SRP is the bioavailable form of P that is primarily taken up by primary producers
including aquatic biota and plants (Lapworth et al., 2011; Riemersma et al., 2006).
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The sustained increase in SRP loads despite P reduction efforts may be due to the slow
release of SRP from P stores that have accumulated in the landscape or have been
moving through slow groundwater pathways over decades – commonly referred to as
legacy P stores (Jarvie et al., 2013; Sharpley et al., 2013). Van Meter (2021) estimated
that 96% of P inputs to Grand River watershed (the largest watershed that drains directly
into Lake Erie) have been retained in the watershed since 1900, creating a large legacy P
store with the potential to impair Lake Erie water quality for many decades. P
accumulates in landscapes (e.g., in deep soils, downslope areas, shallow aquifers, riparian
zones, wetlands, and stream and river beds) as it has a high tendency to associate with
sediment via adsorption and precipitation (Jarvie et al., 2013; Sharpley et al., 2013).
While accumulation of legacy P stores can, in the short term, reduce P loads to
downstream surface waters, over time the stores may be mobilized and contribute P loads
to downstream surface waters despite P reduction efforts (i.e., when storage capacity is
reached or when hydrological or geochemical conditions change) (Brookfield et al.,
2021; Jarvie et al., 2013; Lapworth et al., 2011; Records et al., 2016). Legacy P stores in
streambed sediments in particular may be an important source of P to downstream
surface waters as streambed sediments have a long history of P exposure and can retain
large amounts of P (Orihel et al., 2017). High SRP concentrations in agriculture
streambed sediments have been observed (e.g., Burns, Comber, Blake, Goddard, &
Couldrick, 2015; Lewandowski & Nützmann, 2010), and it has been recently shown
streambed sediments in small agricultural streams may be a large source of legacy P in
the Lake Erie Basin (Casillas-Ituarte et al., 2019).
The retention and release of P from streambed sediment stores, and the potential release
of P to a stream is influenced by groundwater-surface water interactions - including
groundwater discharge, diffusion, and hyporheic exchange processes, as well as the
nature of the sediments (mineralogy, organic matter content), and the biogeochemical
conditions within the transition zone (Jarvie et al., 2013; Lapworth et al., 2011). The
transition zone – which includes streambed sediments and the hyporheic zone - refers to
the volume beneath and adjacent to the stream, where conditions transition from a
groundwater dominated system to a surface water dominated system (Binley et al., 2013;
Conant et al., 2019; USEPA, 2008). It is within this transition zone that groundwater-
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surface water interactions take place, which impact and control the direction of flow,
amount of flow (advection versus diffusion dominance), and the biogeochemical
conditions and associated reactivity of the shallow streambed sediments (Binley et al.,
2013; Conant et al., 2019; Winter et al., 1998). The transition zone also often exhibits
sharp changes in chemical concentrations, especially close to the groundwater-stream
interface due to the mixing of oxic surface waters with typically more reducing
groundwaters (Binley et al., 2013; Conant et al., 2019; Winter et al., 1998). The oxidation
reduction potential (ORP) conditions in the transition zone is of particular interest as it
has been widely shown that ORP can impact SRP retention and release in streambed
sediments (Baken, Salaets, et al., 2015; Baken, Verbeeck, Verheyen, Diels, & Smolders,
2015; Casillas-Ituarte et al., 2019; Dupas et al., 2015; Jarvie et al., 2008; Lewandowski &
Nützmann, 2010; Roy & Bickerton, 2014). This is because SRP adsorption to metal
oxides (including iron [Fe] and manganese [Mn] oxides) is an important SRP retention
mechanism, and the precipitation-dissolution of metal oxides is redox dependent (Orihel
et al., 2017; Withers & Jarvie, 2008). pH may also play an important role in the retention
and release of P from and to streambed sediments (Casillas-Ituarte et al., 2019). For
example, pH can affect P retention and release through processes such as competitive
adsorption at higher pH, and increased adsorption at more acidic to neutral conditions
(i.e., pH 5.0 – 7.0) (Bai et al., 2017; Pettersson, 1998). Temperature can also affect P
retention and release, as P adsorption and precipitation can increase with temperature,
however, increased temperature can also increase bacterial activity leading to a decrease
in ORP and subsequent release of P bound to Fe oxides (Bai et al., 2017; Pettersson,
1998).
Understanding how SRP porewater concentrations within streambeds vary spatially (i.e.,
along a streambed and with depth) and over time (i.e., seasonally), and identifying the
associated hydrological and geochemical controls is needed to determine factors that
contribute to SRP release to the stream from streambed sediments and groundwater. Prior
studies have observed high SRP concentrations in streambed porewater in both urban
(Fitzgerald et al., 2015; Roy & Bickerton, 2014) and agricultural stream reaches (Burns et
al., 2015; Casillas-Ituarte et al., 2019; Jarvie et al., 2008; Lewandowski & Nützmann,
2010), thus providing broad-scale understanding of SRP distributions in streambeds.
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However, most of these studies used a large scale sampling design (low resolution
sampling at multiple field sites), and only sampled one to two times at each site (Burns et
al., 2015; Casillas-Ituarte et al., 2019; Jarvie et al., 2008; Roy & Bickerton, 2014). On the
other hand, several studies have measured vertical SRP profiles in shallow streambed
sediments at a small scale (i.e., cm), considering small-scale diffusion gradients and
redox conditions (Burns et al., 2015; Jarvie et al., 2008; Lewandowski & Nützmann,
2010). For instance, Lewandowski & Nützmann (2010) observed a strong correlation
(R2=0.82) between SRP and dissolved Fe in the shallow hyporheic zone of a stream (cm
scale), suggesting that the reductive dissolution of Fe oxides may be an important
mechanism for SRP release. Small-scale studies have also shown that an “oxic cap” may
exist close to the streambed surface (groundwater-stream interface) where SRP is
adsorbed to Fe oxides and as a result prior studies have speculated that SRP release to the
overlying stream water may be limited (Burns et al., 2015; Jarvie et al., 2008) However,
these small-scale studies typically used only one to three samplers over a single sampling
period, and therefore did not examine spatial variability in SRP associated with
streambed heterogeneity or temporal (including seasonal) variability (Burns et al., 2015;
Jarvie et al., 2008; Lewandowski & Nützmann, 2010). To our knowledge, Fitzgerald et
al. (2015) is the only prior study to present high spatial resolution streambed porewater
SRP concentrations along and across a stream reach. However, this study did not evaluate
how SRP concentrations vary with depth or seasonally. Additionally, this study was
conducted in an urban stream reach where legacy P streambed stores may be lower
compared to an agricultural stream reach. A recent study by Casillas-Ituarte et al. (2019),
which conducted chemical extractions on streambed sediment collected at only two times
from two agricultural stream reaches, concluded that porewater SRP concentrations may
vary seasonally. However further work, including more regular sampling of streambed
porewater across all seasons, is required to support this finding.
The objective of this study is to evaluate the spatio-temporal variability and hydrological
and geochemical controls on porewater SRP in the streambed along an agricultural
stream reach including the potential influence of groundwater-surface water interactions.
Detailed measurements in a gaining agriculture stream in the Lake Erie Basin over one
year was conducted to assess the longitudinal and vertical distribution of porewater SRP
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within the streambed along a 40-m reach, as well as to explore seasonal variations.
Porewater chemistry was analyzed for key redox species and hydrologic tracers to
explore the geochemical and hydrological factors that may be influencing SRP behavior
in the streambed. Additionally, chemical extractions were conducted on streambed
sediment to determine whether high SRP observed in the streambed may be coming from
groundwater discharging through the streambed, sourced from the streambed sediments
themselves, or alternatively be coming from the surface water (via hyporheic exchange).
The findings from this study will improve our understanding of factors that influence P
behaviour near groundwater-stream interfaces including those that may promote mass
transfer of legacy P from streambed sediments to the overlying stream. This is needed to
(i) implement more effective management strategies (e.g., best management practices) for
the reduction of P loads to downstream surface waters, and (ii) to improve streambed and
watershed P monitoring programs and predictive P loading models.

3.2

Study Site

This study was conducted in a southward flowing agricultural headwater stream in
Kintore Creek. Kintore Creek is located in the Thames watershed in the Lake Erie Basin
in southwestern Ontario, Canada (Figure 3-1). The Lake Erie Basin supports a third of
Ontario’s cropland and livestock, and over two-thirds of its vegetable production and
greenhouses with agriculture and livestock the primary land-use in the Thames watershed
(Environment and Climate Change Canada, Agriculture and Agri-Food Canada, Ontario
Ministry of the Environment and Climate Change, Ontario Ministry of Agriculture, &
Ontario Ministry of Natural Resources and Forestry, 2017). The Kintore subwatershed
has a temperate climate with four distinct seasons – winter, spring, summer and autumn.
The subwatershed experiences mean annual low and high air temperatures of -6.0 °C
(minimum) and 20.2 °C (maximum), respectively, and has an average annual
precipitation of 1070 mm (Government of Canada, 2021). The soil type in the area is
primarily sandy loam and silty loam, and drumlinized till plains account for over half of
the watershed physiography (UTRCA, 2017). Agriculture accounts for 81% of the land
use, and 49% of the agricultural area has field tile systems installed (UTRCA, 2017).
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Agricultural practices in the area include cash crop (e.g., corn) and livestock operations
(Merkley & Glasman, 1984).
Although P reduction practices have been implemented through the Kintore subwatershed
over the last 15 years (e.g., soil erosion control, windbreak planting, and manure
management; UTRCA, 2017), total P concentrations in Kintore Creek continue to exceed
eutrophic guidelines (30 µg/L; CCME, 2004) (Boreux, Roy, Yates, Banks, & Robinson,
2019; Merkley & Glasman, 1984; Poel, 1992). Similar to other agricultural areas through
the Lake Erie Basin, P reduction strategies in the subwatershed have generally focused on
soil erosion and surface runoff, with little attention given to groundwater and legacy
streambed sediment stores and the impact they may have on P stream loads. This study
was focused on a 40-m reach of Kintore Creek (Figure 3-2) with this reach selected
because preliminary data (collected under baseflow conditions in summer 2018/2019 and
winter 2018/2019) indicated high SRP concentrations (>1000 µg/L) in the shallow
streambed porewater, and a high spatial variability in groundwater discharge patterns
along the reach (Boreux et al., 2019).

43

Figure 3-1: Thames River Watershed in Southwestern Ontario, Canada, with
Kintore Creek indicated (modified from Thames River Clear Water Revival,
2019).
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Figure 3-2: (a) Aerial photograph of 40 m study stream reach, and (b) plan view of
digitized stream outline with location of sampling equipment indicated (excluding
upstream 0-5 m N-S stretch). The x-axis in (b) indicates the longitudinal distance
along the stream reach (m).
The study stream reach was also used for a complementary study by Robinson (2021)
which focused on characterizing the streambed and surrounding riparian zone lithology
and the groundwater-stream water exchange patterns. Based on the results from a
combination of physical measurements (e.g., geophysical (DC-IP) surveys, streambed
temperature mapping, vertical potentiomanometer measurements, sediment coring),
Robinson (2021) divided the reach into three distinct zones (Zone 1 from 0 to 12 m, Zone
2 from 12 to 36 m, and Zone 3 from 36 to 40 m; Figure 3-2(b)). Streambed sediment
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coring and geophysical (DC-IP) survey data was used to characterize the streambed
permeability, and vertical potentiomanometers were used to measure the vertical
hydraulic gradient across the shallow sediments (~0.2 m below sediment surface) at
multiple locations along the stream reach in September and October 2019. In Zones 1 and
3, results from the coring and geophysical (DC-IP) surveys indicated a mixture of large
cobbles, gravelly sand, and coarse sand, suggesting that the streambed sediment
permeability is high. The vertical hydraulic gradient measurements in Zones 1 and 3
showed generally high positive head differences, indicating potential groundwater
upwelling (Figure 3-3(a)). In Zone 2, the streambed sediment is mainly comprised of
sand and lower permeability silty and organic material, and potentiomanometer readings
indicated low to negative head differences, suggesting minimal groundwater upwelling
and possible surface water downwelling (Figure 3-3(a)). Consistent with these results,
Robinson (2021) also found distinctly different groundwater-stream water exchange
patterns between the three zones based on high resolution streambed temperature
mapping which can be used to qualitatively infer groundwater flux across the streambed.
The temperature mapping in Figure 3-3(b) was conducted in June 2020, when the stream
water was warmer than the groundwater. This map generally shows larger temperature
differences between the groundwater and surface water in Zones 1 and 3 (indicated by
blue in Figure 3-3(b)), and smaller temperature differences in Zone 2 (indicated by
yellow in Figure 3-3(b)). The generally larger temperature difference in Zones 1 and 3
suggests that colder groundwater is upwelling and lowering the streambed temperature,
whereas a smaller temperature difference in Zone 2 suggests minimal groundwater
upwelling or possible surface water downwelling. Results also indicated that a layer of
lower-permeability material (i.e., clay) existed at a depth of 0.6-0.8 m below the
streambed surface, which may partially separate the shallow aquifer from a deeper
aquifer system.
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Figure 3-3: (a) Plan view of streambed showing vertical hydraulic head differences
between groundwater and stream (ΔH) from potentiomanometer readings at a
depth of 0.2 m below the streambed surface on 24 September, 8 October and 18
October 2019. (b) Plan view of stream showing streambed temperature differences
(between groundwater and stream; ΔT) across the study reach for temperature
survey conducted in July 2020. Zones 1, 2 and 3 are indicated. The x-axis indicates
the longitudinal distance along the stream reach (m). The y-axis indicates the
transverse distance across the stream. In (b) “×” indicates the points where
streambed temperature readings were taken. Modified from Robinson, 2021.
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3.3
3.3.1

Methods
Field methods

A suite of measurement techniques were used to capture the spatio-temporal variability in
the streambed porewater SRP concentrations and the possible geochemical and
hydrological controls. The streambed porewater chemistry was monitored over a year
from June 2020 to June 2021. Field equipment was installed in higher spatial density in
Zone 2 compared to Zones 1 and 3 as initial surveys (data not included in this study)
found considerably higher porewater SRP concentrations (>1000 µg/L) in Zone 2
compared to Zones 1 and 3 (SRP < 50 µg/L).

3.3.1.1

Hydrological measurements

Stream stage was recorded every 15 minutes over the study period using a pressure
transducer (CTD Diver; Schlumberger Instruments) installed in the stream at x = 60 m
(20 m downstream of the study reach). The stream water pressure corrected for
atmospheric pressure fluctuations using a barometric pressure transducer (Level Troll
700; In-Situ Inc.) located 20 km from the study site. Real time stream gauge
measurements were taken approximately monthly over the monitoring period and used to
generate a stream discharge rating curve that allowed stream discharge to be estimated at
any given time based on the continuous stream stage data.
To measure the general groundwater hydraulic gradients adjacent to the stream, four 1.8
m long PVC piezometers with 15 cm slotted screens at the bottom were installed along
the stream banks in Zone 1 and 2 (Figure 3-2(b)). The piezometer screens were located
approximately 0.95 to 1.1 m below ground surface (approximately 0.6 to 1.0 m below the
streambed surface). Four self-logging pressure transducers (In-Situ Inc. Level Troll 700)
were installed in the piezometers on the stream banks over the study period to monitor
fluctuations in the water table. The water table elevations were used to determine the
overall direction of groundwater flow (to or from the stream) over the study period.
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3.3.1.2

Water sampling

Water samples including surface water samples, tile drain samples, and streambed
porewater samples were collected approximately monthly over the 12-month study period
to monitor water quality parameters. Surface water samples were collected from the
center of the stream, typically at the beginning of the sampling day. For most sampling
events, duplicate surface water samples were collected from different locations along the
reach for QA/QC. Tile drain outlets were located in Zones 1 and 2 and these outlets were
sampled for sampling events when water was flowing from the outlets. Porewater
samples were collected using three different types of sampling equipment that were
installed in the stream reach over the study period: multilevel samplers (MLS), dedicated
sampling tips (DT), and piezometers (Figure 3-2(b)). Details of the locations and
sampling depths for the MLS and DTs are provided in Table 3-1. Eight MLS between
1.2-1.5 m in length were installed using a drill auger along the centerline of the stream in
Zone 2 (Figure 3-2(b)). All MLS were constructed of three-channel tubing with sampling
ports consisting of 0.1 m long slotted screens located at depths of 0.2, 0.3 and 0.4 m
below the streambed surface. Samples were collected using a peristaltic pump connected
to fluoropolymer tubing which was fed into each channel. All MLS were purged of
standing water at the beginning of the sampling day, allowed to recharge over
approximately three hours, and then sampled. Nineteen DTs were installed at select
locations in Zones 1-3 to provide additional single-point porewater sampling locations in
areas where MLS could not be installed due to the streambed geology (Figure 3-2(b)).
The DTs were installed using a drive-point shaft and hammer drill. The DTs were
manufactured using a 3D printer (PA2200 nylon) and included 16 holes at the base of the
tip, covered with 297 µm polypropylene mesh through which porewater was drawn. Each
tip was connected to a length of fluoropolymer tubing with samples collected by
connecting the tubing to a peristaltic pump. To sample the groundwater adjacent to the
stream, four 1.8 m long PVC piezometers with 0.15 m slotted screens at the bottom were
installed along the stream banks in Zones 1 and 2 (Figure 3-2(b)). All piezometers were
purged of standing water at the beginning of the sampling day, allowed to recharge, and
then sampled with a peristaltic pump. It was not possible to collect duplicate porewater
samples for QA/QC as most samplers provided limited sample volume.
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Table 3-1: Location and depth of samplers installed along the centerline and East
side of the stream.
Zone

N-S position along

Sampling depths

Sampler

Adjacent

stream (m)

below streambed

types used

peeper

surface (m)

location
(Y/N)

Centerline
Zone 1
10

0.1, 0.2, 0.3, 0.4

DT

N

21, 23, 24, 25, 25.5, 26,

0.1, 0.2, 0.3, 0.4

DT (at 0.1),

Y

Zone 2

27, 28

MLS

Zone 3
38

0.1, 0.4

DT

Y

East side of stream
Zone 2
21

0.1, 0.3

DT

N

23

0.1

DT

N

25

0.1, 0.3

DT

N

In addition to the permanently installed sampling locations (MLS, DTs, piezometers),
peepers, which are a passive diffusion-based sampling device, were used to provide high
vertical resolution data on the concentrations of SRP and other related chemical
constituents in the top ~0.2 m below the streambed surface. The peepers consisted of a
0.32 m long acrylic rectangular rod containing five 10 mL chambers spaced 0.05 m apart,
and a pointed end. Twelve peepers were installed in the streambed next to the MLS and
DTs with additional peepers installed in the streambed close to the west bank of the
stream (Figure 3-2(b)). Peepers were installed such that the top chamber was exposed to
the stream water and the remaining chambers were below the streambed surface. This
allowed for samples to be collected at 0.05 m intervals reaching up to 0.2 m below the
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streambed surface. Peepers were deployed in the streambed for 4-5 weeks over three
periods through the study period: July 2020 - September 2020, October 2020 - November
2020, and December 2020 - January 2021. Before deploying in the field, the peeper
chambers were filled with degassed MegaPure water (double distilled) and covered with
a dialysis membrane. Peepers were stored in a closed bucket filled with degassed water
for transport from the laboratory to the field. Peepers were installed in the streambed for
at least four weeks to allow equilibrium with the external porewater chemistry to be
reached. Upon removal, the chambers were sampled immediately in the field using a
needle to puncture the membrane.

3.3.1.3

Streambed sediment samples

Intact streambed sediment cores were collected at the end of the study period in June
2021. Cores were collected using a 0.06 m diameter, 0.35 m long manual sediment corer.
Cores were collected close to all MLS and DT locations along the center of the stream
(total of ten locations). To collect core up to ~0.4 m below the streambed surface multiple
intact cores were taken from the same hole. Upon removal, cores were immediately
wrapped in plastic wrap and stored in a cooler for transport back to the laboratory. Cores
were then stored in a cold room until subsampling and chemical analyses.

3.3.2
3.3.2.1

Sample analysis
Water samples

All water samples were immediately filtered in the field using a 0.45-µm cellulose
acetate filter and stored in 30 mL and 15 mL HDPE bottles. One 15 mL HDPE bottle to
be used for metal analysis was acidified using concentrated 15.6 M nitric acid. Sample
bottles were stored in a cooler while in the field and during transportation to the
laboratory at Western University. After samples were collected, the surface water and
porewater (unfiltered) was pumped through a flow-cell and analyzed immediately in the
field using handheld multiparameter probes. A HACH HQ40d Portable Multi-Parameter
Meter was used to measure for temperature, pH and ORP, and a YSI 650 Multiparameter
meter was used to measure for temperature, pH, ORP, electrical conductivity, and
dissolved oxygen.
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Samples returned to the laboratory were analyzed for SRP, ammonium (as an indicator of
the presence of organic matter decomposition), anions, and specific metals. When
possible, samples were analyzed for SRP within 48 hours of collection, with some
samples frozen before SRP analysis. All other samples were frozen for storage and rethawed before analysis. SRP was analyzed using a flow injection analysis (FIA)
instrument (QuikChem 8500 Series 2). Anions (chloride, nitrate, and sulphate) were
analyzed using high-performance liquid chromatography (HPLC) instruments (Thermo
Scientific Dionex Aquion Ion Chromatography System, and Waters 432 Conductivity
Detector). Fe, Mn, and Al concentrations were determined using a flame atomic
absorption spectroscopy (FAAS) instrument (141 Agilent 200 Series VGA 77).
Ammonium samples were shipped frozen to the Canada Centre for Inland Waters for
analysis using an ultraviolet-visible spectrophotometer at 640nm (Beckman Coulter DU
720 UV/Vis Spectrophotometer).
For the different chemical analytical methods, QA/QC measures were implemented.
Standard dilutions were included every sample run, and duplicate standards and duplicate
samples were run after every 5-10 samples.

3.3.2.2

Sediment samples

P sediment extractions were conducted using subsamples (10 – 35 g) taken from depths
of 0, 0.1, 0.2, 0.3 and 0.4 m below the streambed surface for five of the sediment cores.
The subsamples were homogenized and then dried at 105°C for 24 hours. Dried samples
were analyzing using the sequential extraction adapted from Hedley, Stewart, & Chauhan
(1982). For each sample, 2 g of sediment was placed in a bottle and exposed sequentially
to the following extractant chemicals: (1) deionized water, (2) 0.5 M NaHCO3, (3) 0.1 M
NaOH, and (4) 1 M HCl. The fractions extracted from each of these steps are
operationally-defined based on the extractant used, but hereafter are nominally ascribed
to (1) labile P, (2) loosely bound P, (3) reducible labile P, and (4) residual P (includes
SRP associated with Ca, carbonates, and phosphate minerals such as apatite). For each
step of the extraction, sediments and extractant were left on a shaker table for 16 hours,
centrifuged for 20 minutes, filtered, and then analyzed for SRP. Four duplicate samples
were also run analyzed for QA/QC purposes.
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Sediment subsamples were also analyzed for organic matter content using a loss on
ignition test (Heiri, Lotter, & Lemcke, 2001). After drying at 105°C for 24 hours,
subsamples (~10-35g) were weighed and then dried at 550°C for 4 hours. Samples were
then weighed again to determine the mass of organic matter that had been lost.

3.3.3
3.3.3.1

Data analysis
Identification of dominant redox process

The redox processes dominating in the streambed porewater at the study site were
identified based on the framework developed by McMahon & Chapelle (2008). This
framework compares the measured porewater concentrations of O2, NO3--N, Mn2+, Fe2+,
and SO42- against set thresholds of these concentrations to distinguish eight different
redox conditions (Table 3-2). The threshold values applied here are based on
recommendations from McMahon & Chapelle but some were modified slightly with
consideration to specific conditions at our study site (following the recommendation of
McMahon & Chapelle (2008)). As O2 measurements in this study were not made or were
not accurate around the typical threshold value (0.5 mg/L), the O2 criteria could not be
applied. As such, porewater under oxic, suboxic and NO3- reduction conditions (i.e., Mn
and Fe below their thresholds) could not be separately distinguished and so are classified
in our analysis as “less-reducing”. For samples that otherwise met the criteria for MnNO3- transition, Mn reducing, Fe(III)/SO4 reducing and methanogenesis (together can be
considered “more-reducing”), O2 was assumed negligible (<0.5 mg/L), and as such these
processes could be distinguished. Finally, conditions were classified as mixed when both
NO3--N and Fe2+ concentrations were greater than their threshold values. These
conditions indicate mixing of waters of different redox conditions, likely due to sampling
water across spatial gradients or influenced by both large and small pore spaces.
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Table 3-2: Threshold concentrations for identifying redox processes within the
streambed, based on the framework of McMahon & Chapelle (2008) but with added
categorization of Less-reducing and More-reducing to accommodate the limited O2
data.
Water Quality Criteria (mg/L)
Redox Process

O2

NO3--N

Mn2+

Fe2+

SO42-

Less-reducing

Comments
Due to lack of
O2 data, unable
to distinguish
between these
processes

Oxic

≥0.5

<0.6

<0.5

<0.6

―1

Suboxic

<0.5

<0.6

<0.5

<0.6

―

NO3- reducing

<0.5

≥0.6

<0.5

<0.6

―

More-reducing

It is assumed
that O2 is fully
consumed (<
0.5) if Mn or Fe
thresholds are
exceeded.

NO3--Mn transition

<0.5

>0.6

>0.5

<0.6

―

Mn(IV) reducing

<0.5

<0.6

≥0.5

<0.6

―

Fe(III)/SO4 reducing

<0.5

<0.6

―

≥0.6

≥0.5

Methanogenesis

<0.5

<0.6

―

≥0.6

<0.5

N/A

>0.6

―

>0.6

―

Mixed
Criteria for more
than one process
met
1

Indicates that this parameter is not considered for specific process.
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3.3.3.2

Statistical Analysis

When data sets were normally distributed, linear regression in Excel was used to
determine correlations between SRP concentrations and the concentrations of other
constituents (e.g., extracted solid phase SRP and OM fractions). For data sets that were
not normally distributed, the Spearman rank correlation test was used with a p-value of
0.05 for significance. A Spearman-rank test was used to evaluate the correlations between
SRP, Fe, Mn, Al, and NH4 concentrations.

3.4

Results and Discussion

Given the multiple and potentially interrelated factors that might be affecting the
porewater SRP concentrations in the streambed at the study site, including spatial and
temporal variations, this section has been structured to first present the spatial and
temporal patterns for SRP and then the other chemical parameters, without discussion on
the factors controlling the observed variability. Following this, data related to each
potential controlling factor and a discussion of its relation to the observed SRP variability
is provided, in the order of internal sediment P stores, redox geochemistry and
hydrological processes. Finally, the implications of the field data for groundwater SRP
flux to the stream are discussed.

3.4.1
3.4.1.1

Spatio-temporal variations in porewater quality
Porewater SRP concentrations

Porewater SRP concentrations from the samplers (MLS and DTs; Table 3-1) along the
centerline of the stream showed distinct variation along the reach (Table 3-3). In Zone 1
(higher permeability sediment, high groundwater discharge), porewater SRP
concentrations were generally low for all sampling events (mean = 14 ± 6 µg/L, n = 42)
and below the eutrophic threshold of 30 µg/L (CCME, 2004). SRP concentrations in this
zone were relatively uniform with depth and showed limited variability over the sampling
period with only one sample exceeding the eutrophic threshold at one sampling time (46
µg/L at x = 10 m, 0.1 m depth in September; Appendix A). Peeper sampling was not
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conducted in Zone 1 because the large cobbles along the streambed in this zone prevented
the installation of the peepers.
SRP concentrations in Zone 3 (higher permeability sediment, high groundwater
discharge) were generally higher than concentrations found in Zone 1 (mean = 67 ± 78
µg/L, n = 22), with the maximum concentration (294 µg/L) exceeding the hypereutrophic
threshold of 100 µg/L (CCME, 2004). Consistent patterns with depth were not observed,
with the SRP concentrations at the 0.1 m depth sometimes similar to the concentrations at
the 0.4 m depth (i.e., < 50 µg/L), but occasionally significantly higher (mean at 0.1 m
depth = 88 ± 92 µg/L, n = 11; mean at 0.4 m depth = 53 ± 46 µg/L, n = 11; Appendix A).
Temporal patterns revealed that SRP concentrations increased (>100 µg/L) from July to
November 2020 at the 0.1 m depth (and at the 0.4 m depth in October 2020), but were
low (<100 µg/L) for all other sampling dates (Appendix A). Peeper data revealed higher
SRP concentrations than the MLS and DT sampler results, with concentrations exceeding
the hypereutrophic threshold on average (average = 116 ± 144 µg/L; max = 555 µg/L; n =
12). Spatial variations with depth and temporal patterns observed by the peepers were
similar to those observed by the samplers. SRP concentrations were consistent with depth
on two of the sampling dates (September 2020 and January 2021; Appendix B), however
the sampling conducted in November 2020 showed inconsistent concentrations with
depth, with two shallow sampling depths exhibiting high (>100 µg/L) concentrations.
Temporal patterns revealed high concentrations in September 2020 (mean = 111 ± 32
µg/L, n = 5), followed by a spike in concentrations in November 2020 (mean = 192 ± 188
µg/L, n = 5), then a significant drop in concentrations in January 2021 (mean = 19 ± 1
µg/L, n = 5). Other studies have reported similar SRP concentration values as those
observed in Zones 1 and 3. Jarvie et al. (2008) reported average porewater concentrations
of 26 ± 17 µg/L in an agriculture stream, Casillas-Ituarte et al. (2019) reported values
between 100-600 µg/L at one of their study sites, and Burns et al. (2015) observed SRP
porewater concentrations of 267 ± 16 µg/L in an agricultural stream site.
Samplers were installed at a higher spatial density in Zone 2 compared to Zones 1 and 3
(i.e., in Zone 2 samplers were installed every 1-2 m over an 8 m stretch of the reach, and
samplers were installed along the centerline and along the East bank of the stream; Figure
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3-2(b)) as initial surveys found considerably higher porewater SRP concentrations
(>1000 µg/L) in Zone 2 compared to Zones 1 and 3 (SRP < 50 µg/L). Porewater SRP
concentrations varied over a much greater range in Zone 2 (lower permeability sediment,
low groundwater discharge) compared to Zones 1 and 3, with a maximum concentration
of 1981 µg/L observed. The mean SRP concentration in this zone considering all
sampling events (mean = 160 ± 290 µg/L, n = 311) exceeded the threshold for
hypereutrophic conditions (100 µg/L; CCME, 2004), with 30% of samples exceeding this
threshold, and 3.5% samples exceeding this threshold by at least an order of magnitude.
High porewater SRP concentrations (>1000 µg/L) in streambeds have also been reported
by other studies focused on agriculture streams. Casillas-Ituarte et al. (2019) reported
SRP concentrations ranging from 100-1000 µg/L, Lewandowski & Nützmann (2010)
observed concentrations up to 3000 µg/L in shallow (<15 cm) streambed sediments, and
Burns et al. (2015) found average porewater concentrations of 3477 ± 690 µg/L in an
agricultural stream. The differences in SRP concentrations reported in prior studies as
well as differences observed between Zones 1, 2, and 3 here shows that SRP porewater
concentrations in agriculture streams are highly variable and site specific. Further, it
highlights that high porewater SRP concentrations (>1000 µg/L) in streambeds in
agricultural areas are possible and therefore these streambeds may be a potentially
important source of SRP to downstream surface waters. This is explored further in
Section 3.4.3.
Table 3-3: Summary of physical characteristics, porewater SRP concentrations, and
dominant redox processes from samplers in the three zones along the stream reach.
The maximum, median and mean SRP values reported are for samples collected at
depths of 0.1, 0.2, 0.3 and 0.4 m below the streambed along the centerline of the
stream and taken approximately monthly from June 2020 to June 2021.
Zone 1

Zone 2

Zone 3

Higher

Lower

Higher

(large cobbles,

(sand and silty

(large cobbles,

Permeability
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gravelly sand,

and organic

gravelly sand,

and coarse

material)

and coarse

sand)

Vertical hydraulic gradient

Temperature difference between
streambed surface and stream

Positive

Larger

sand)
Low positive
to negative

Smaller

Positive

Larger

Minimal GW
General GW flux condition

GW upwelling

upwelling or
SW

GW upwelling

downwelling
SRP Concentrations
14 ± 6

160 ± 290

67 ± 78

Maximum (µg/L)

46

1981

294

Median (µg/L)

12

50

29

Sample number (n)

42

311

22

Fe(III)/SO4

Less-reducing

reduction

(40%) and

(47%) and

NO3--Mn

Mixed (32%;

reduction

n=242)

(20%; n=20)

Mean ± standard deviation (µg/L)

Dominant redox processes

Less-reducing
(93%; n=42)

SRP depth pattern observed?

No

Yes

No

SRP temporal pattern observed?

Yes, but minor

Yes

Yes
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A more detailed look at the sampler porewater SRP concentrations in Zone 2 (Figure 3-4
– two sampling dates shown per season; complete data for all sampling dates provided in
Appendix A) reveals spatial patterns with distance along this portion of the stream and
with depth below the streambed, though concentrations also varied to some extent
between sampling times. Most notably, the mean SRP concentration at the 0.1 m depth
was considerably greater than SRP concentrations at depths of 0.2, 0.3 and 0.4 m below
the streambed for all sampling times (mean = 429 ± 455 µg/L and 62 ± 63 µg/L for 0.1 m
and 0.2 – 0.4 m respectively). However, there were locations (e.g., x = 21 m) where
higher SRP concentrations at shallow depth was not observed, and there were some
samples at depths of 0.2-0.4 with elevated SRP concentrations (>100 µg/L; i.e., depth of
0.4 m at x = 26 in November; depth of 0.3 m at x = 24 in December; depth of 0.4 m at x
= 25 m and depth of 0.2 m at x = 26 m in February; depth of 0.2 m an x = 26 m in April;
depth of 0.2 m at x = 26 m in May; Figure 3-4).
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Figure 3-4: Vertical profile view of streambed showing porewater SRP
concentrations (indicated by size and colour intensity of the bubble) in Zone 2. The
black line indicates streambed sediment surface as surveyed on 17 July 2019, x-axis
indicates the longitudinal distance along the stream reach (m), y-axis indicates depth
below a local benchmark (m). The black dots and red ‘×’ indicate sampling
locations with and without a sample collected, respectively, with the sampling depth
measured to the center of the sampler screen.
The average porewater SRP concentrations found at depths of 0.1, 0.2, 0.3 and 0.4 m
using the samplers along the centerline of the stream were found to vary over time but no
distinct seasonal patterns were observed at any depth (Figure 3-5). Consideration of the
mean or median resulted in slightly differing patterns across the year, revealing the
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influence of a few high concentrations for each data set. Note that differences in number
and location of samples (i.e., 6 out of the total 39 sampling locations were excluded from
Figure 3-5 as data from two or more sampling dates was missing due to a lack of sample
volume or issues with sampling equipment on a given sampling date) collected each
month could contribute to some of the observed variability over time. Also, seasonal
patterns at individual locations may be masked within this aggregated data set. The lack
of clear seasonal variations observed in our study is in contrast to that observed by
Casillas-Ituarte et al. (2019), in which soluble P fractions were elevated in the summer
compared to the spring. They proposed that this increase may be due to an increase in
organic matter mineralization in the summer or release of Fe oxide bound P as a result of
the overlying surface waters becoming stagnant and suboxic. Seasonal changes were not
observed in our study, possibly due to a difference in site-specific conditions such as the
stream always flowing and remaining oxic year-round at our site. It is also important to
note that Casillas-Ituarte et al. (2019) only conducted porewater sampling on two
separate occasions (spring and summer), and therefore their results may be biased in that
they were not able to fully capture the large variability in temporal SRP variations as was
observed in our study.
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Figure 3-5: Porewater SRP concentrations over time measured by samplers along
the centerline of the stream in Zone 2 at depths of (a) 0.1 m, (b) 0.2 m, (c) 0.3 m, and
(d) 0.4 m below the streambed surface. The bottom whisker indicates the minimum
concentration, the box indicates the concentrations between the first and third
quartile, and the top whisker indicates the maximum concentration. The horizontal
line within the box indicates the median, and the × within the box indicates the
mean. Sampling locations with more than one sample date missing were excluded
when generating these plots (6 out of 39 locations were excluded). Note that the yscale used in (a) is different from that used in (b) – (d).
As the highest porewater SRP concentrations (mean = 429 ± 455 µg/L) were observed in
the top 0.1 m of the streambed sediment (Figure 3-4 and 3-5), peeper samplers were
deployed at eight different locations along the centerline of Zone 2 to obtain high vertical
resolution (0.05 m increments) SRP profiles from the sediment surface to depths of 00.25 m (Figure 3-6 (a), (b), (c); all three sampling periods). It is important to note that the
concentrations of samples collected from the MLS, DT and piezometers cannot be
directly compared to the peeper sampling data as these sampling devices use different
methods. MLS, DT, and piezometers may disproportionately sample the porewater in
large pores rather than small pores as these samplers rely on recharge or the application
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of vacuum (in the case of the DT specifically) to collect samples. On the other hand, the
peepers sample porewater from both the small and large pores as the sample collection
relies on diffusion (Fitzgerald et al., 2015). Additionally, samples from the MLS, DT and
piezometers are collected over a single sampling day, whereas the peeper water samples
are collected over the span of 4 to 5 weeks with the final concentrations integrating over
temporal changes in concentrations.
The average and maximum SRP concentrations using the peeper samplers in Zone 2 were
311 ± 321 µg/L and 1446 µg/L, respectively (n = 89) considering all sampling dates.
Overall, the SRP concentration results from the samplers and peepers showed similar
patterns (i.e., high SRP concentrations observed in Zone 2, lower SRP in Zone 3).
However, the results cannot be compared directly as the two sampling methods are
different (passive versus active sampling) and the peepers were not installed in the exact
same location as the samplers and therefore differences may also be attributed to smallscale streambed heterogeneity. The data from peepers installed along the centerline of the
stream showed that at a number of locations and sampling times SRP concentrations were
relatively low (mean = 25 ± 9 µg/L, maximum = 46 µg/L) close to the streambed surface,
with concentrations increasing around the 0.1 m depth (e.g., x = 21, 23, 25, 27 m on 5
November; x = 24, 25.5 m on 16 January; Figure 3-6(b) and (c)). However, at other
locations and times (e.g., x = 25, 25.5, 26 m on 3 September; x = 25.5 m on 5 November;
Figure 3-6(a) and (b)) the highest SRP concentrations (mean = 706 ± 220 µg/L,
maximum = 1080 µg/L) were observed close to the streambed surface. The lower SRP
concentrations observed close to the streambed surface compared to deeper locations is
similar to prior observations by Jarvie et al. (2008) and Burns et al. (2015) and may be
due to the presence of an “oxic cap” close to the streambed surface (this is explored
further in Section 3.4.2.2). However, in contrast to these prior studies our results show
that SRP concentrations are not always lower close to the streambed surface and this may
have implications for SRP release to the overlying surface water (this is discussed further
in Section 3.4.3).
Not only do the peeper sampling results suggest a spatial pattern, but also a temporal
pattern. High concentrations of SRP were observed close to the streambed sediment
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surface in late summer in many locations (i.e., x = 18, 19, 20, 20.5, 21, 22, 23 m on 3
September 2020; Figure 3-6(a)). Fall sampling showed that the areas of high SRP
concentrations were deeper in the sediment, with the concentrations of SRP close to the
sediment surface much lower than previously observed in late summer at many locations
(i.e., x = 18, 20, 21, 22, 23 m on 5 November 2020; Figure 3-6(b)). Finally, winter
sampling showed consistently low concentrations of SRP at the shallowest depths in the
streambed (Figure 3-6(c)). It is possible that seasonal changes affect primarily the
shallow SRP concentrations, with a lessened impact at depth. Temporal variations in
porewater SRP concentrations as observed by the peepers appear to follow more distinct
seasonal patterns when compared to the sampler sampling results. However, given that
the peeper sampling was limited to only 3 periods (and only 3 seasons) it is possible that
the higher temporal variability observed in the sampler data was not captured by the
peeper sampling.

Figure 3-6: Vertical profile view of streambed showing SRP concentrations (a-c;
magnitude indicated by symbol size and colour of the bubble) and redox zonation
(d-f; colour coding in legend) from peeper samplers installed over periods from (a)
installed on 31 July 2020 and removed and sampled on 3 September 2020, (b)
installed on 8 October 2020 and removed and sampled on 5 November 2020, and (c)
installed on 16 December and removed and sampled on 19 January 2021. The black
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line in all subplots indicates streambed sediment surface surveyed on 17 July 2019
(changes in streambed topography over time are not reflected in the images,
however relative sampling location to streambed surface is accurate), x-axis
indicates the longitudinal distance along the stream reach (m), y-axis indicates depth
below a local benchmark (m). Black dots indicate sampling locations, and red ‘×’
indicates that a sample was not collected from that chamber due to a breach in the
peeper membrane during installation or removal. The sampling depths indicated
are measured to the center of the peeper chamber. In (d) – (f) the “Less-reducing”
zone is a combination of oxic, suboxic, and NO3- reducing conditions, as these three
zones could not be distinguished from one another due to the lack of O2 data.
While the field sampling design focused on monitoring porewater SRP concentrations
along the centerline of the stream, additional samples from the banks of the stream were
also taken using DT samplers. Samples taken from the east side of the stream in Zone 2
(Appendix C) at depths of 0.1 and 0.3 cm showed that SRP concentrations were also high
close to the banks (average = 437 ± 541 µg/L; max = 1911 µg/L; n = 48). These results
showed a different pattern with depth when compared to the centerline results, with
higher SRP concentrations observed at 0.3 m depth (average = 500 ± 679 µg/L; max =
1911 µg/L; n = 20) compared to 0.1 m depth below the streambed surface (average = 392
± 409 µg/L; max = 1286; n = 28). This difference between center versus side of the
stream could be due to streambed heterogeneities – including differences in the sediment
and organic matter content – at the small (i.e., m to cm) scale, or differences in the
groundwater flow paths. Peeper sampling from the west side of the stream in Zone 2
(Appendix C) also showed high SRP concentrations (average = 409 ± 318 µg/L; max =
1150 µg/L; n = 22) close to the bank, similar again to the results observed by the MLS
and DT samplers.

3.4.1.2

Porewater concentrations of other constituents

In addition to SRP, samples were also analyzed for Fe, Mn, Al, NO3--N, SO4, Cl, and
NH4. Due to limited sample volume that could be drawn from some DT and MLS
samplers, some samples were not analyzed for all constituents. Cross section plots of
these constituents for all sampling dates are provided in Appendix D. Similar to SRP, all
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constituents exhibited spatial and temporal variability across the porewater samples,
though some constituent concentrations were more variable (i.e., Fe, Mn, NO3--N, SO4,
Cl) than others (i.e., Al, NH4). In the case of Al, the concentrations were generally low
(<1 mg/L; mean = 0.5 ± 0.9 mg/L, maximum = 6, n = 346) with little variation spatially
or temporally. As such, although Al oxides are known to retain SRP (Lijklema, 1980;
Records et al., 2016), these data indicate that Al is likely not an important factor in SRP
retention or release at this site. Many of the constituents measured may be related to the
redox conditions in the streambed (i.e., Fe, Mn, NO3--N, SO4), and are therefore
discussed in further detail in Section 3.4.2.2. Some constituents showed distinct
difference in concentrations between surface water and the majority of porewater samples
(e.g., Cl, NO3--N, and SO4) and may be useful tracers of groundwater-surface water
interaction – these are discussed further in Section 3.4.2.3. Other constituents may have
potential to indicate organic matter as an internal P source within the streambed (i.e.,
NH4), and are discussed in Section 3.4.2.1.

3.4.2
3.4.2.1

Factors controlling SRP variability
Streambed sediment P

The abundance and availability of SRP bound to the streambed sediment was examined
to provide further insight into the observed porewater SRP variations and, in particular, to
evaluate whether the high porewater SRP observed may be sourced from the streambed
sediments themselves rather than from groundwater moving through the streambed
towards the stream. The total extractable P concentrations for the streambed sediments
(the sum of the four different fractions) varied by location and ranged from 302 and 1117
mg/kg. This range is similar to the total extractable P concentration of 921 mg/kg
measured by Casillas-Ituarte et al. (2019) for surficial sediment of an agriculture
headwater stream. Overall, considering all sediment samples analyzed, it was found that
the labile H2O-SRP fraction accounted for <1% of the total extractable P, the loosely
bound NaHCO3-SRP fraction accounted for around 5% of the total extractable P, and the
reducible labile NaOH-SRP fraction accounted for around 5% of the total extractable P
(Figure 3-7). Similar results were reported by Casillas-Ituarte et al. (2019) and
Lewandowski & Nützmann (2010), with both studies finding that the loosely bound H2O-
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SRP accounted for a small fraction of the overall extractable P (<1%). As these other
studies used different extraction methods, the results from other individual extraction
steps cannot be directly compared with the Kintore site data. Note that the HCl-SRP
fraction has been excluded from Figure 3-7 as this fraction of SRP is relatively stable and
tightly bound and therefore is unlikely to be released under naturally occurring conditions
(Lewandowski & Nützmann, 2010) (The complete extraction results including the HClSRP fraction are provided in Appendix E).

Figure 3-7: SRP fractions determined from sediment extraction analysis. Sediment
location indicated by location along the stream reach (m) and the depth (m) below
streambed surface.
Similar to the SRP porewater data, the SRP sediment concentrations varied spatially with
depth and distance along the stream reach (Figure 3-7). Further, consistent with the SRP
porewater data (Table 3-1), the SRP sediment concentrations were lowest in Zone 1 (x =
10 m; Figure 3-7) with SRP sediment concentrations (for the H2O-SRP, NaHCO3-SRP,
and NaOH-SRP fractions combined) found to average 3 mg/kg. Overall, the sediment
from Zone 2 (x = 24 m and x = 26 m; Figure 3-7) show the highest SRP fractions at
shallow depths, with mean concentrations of 25 mg/kg, 43 mg/kg, and 28 mg/kg found at
depths of 0, 0.1 and 0.2 m, respectively. Within Zone 2, the sediment collected at x = 21
m had relatively low SRP sediment concentrations (mean = 12 mg/kg) when compared to
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the other samples in Zone 2 (Figure 3-7). This is not unexpected, as x = 21 m typically
showed results that were similar to Zone 1 in terms of porewater SRP concentration. The
sediment collected in Zone 3 (x = 38 m; Figure 3-7) had the highest SRP sediment
concentrations at the 0 cm depth with 69 mg/kg, and concentrations of 30 mg/kg and 14
mg/kg at the deeper depths. The samples from Zone 3 taken at depths of 0.1 and 0.4 m
showed higher SRP sediment concentrations than Zone 1, but lower concentrations than
Zone 2, which corresponds with the patterns observed in the SRP porewater
concentrations (Table 3-3). The very high SRP sediment concentrations for the surface
sample from Zone 3 (x = 38 m, depth = 0 m; Figure 3-7) was somewhat unexpected
based on the SRP porewater data, however the porewater sampling (from samplers) did
not included sampling from the sediment surface and therefore the results cannot be
directly compared. Importantly, for all locations, with the exception of the sediment core
collected at x = 21 m, the SRP sediment concentrations are considerably higher at
shallow depth compared to deeper depths below the streambed surface. This may be due
to a number of factors, including a) SRP being sequestered from passing porewater
(discharging groundwater or infiltrated surface water) in the shallow streambed sediments
in greater quantities compared to the deeper sediments, or b) the deposition of P-rich
sediments on the streambed surface (i.e., deposition of eroded agricultural soils), whereas
deeper sediments were originally devoid of organic matter or it has been mineralized
previously.
In addition to chemical extractions, a loss-on-ignition (LOI) test was used to determine
the organic matter (OM) content in the sediment samples. The sediment OM content was
found to fall between 1-5% on average. Importantly the OM content was found to be
positively correlated with the extracted SRP (except for the HCl-SRP fraction; Figure
3-8). In addition, consistent with the sediment SRP concentrations, the OM content for
sediment in Zones 2 and 3 was generally higher for shallow sediment samples compared
to deeper below the streambed surface (Appendix F). These findings are consistent with
Casillas-Ituarte et al. (2019) and Lewandowski & Nützmann (2010). Casillas-Ituarte et al.
(2019) found OM contents of 5-10% in an agriculture stream and found positive
relationships between OM and H2O-SRP (Pearson correlation r = 0.77), and OM and
NaOH-SRP (r = 0.46). Lewandowski & Nützmann (2010) assessed a sediment profile of
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an oxbow lake and found that the OM content was the highest in the shallow sediments
(~30% OM at a depth of < 0.05 m) and decreased with depth (~0% OM at a depth of 0.25
m), which corresponded with the decrease in sediment P fractions with depth that they
also observed.

Figure 3-8: Extracted SRP sediment fractions compared to sediment organic matter
(OM) content for the (a) H2O-SRP, (b) NaHCO3-SRP, (c) NaOH-SRP, and (d) HClSRP extraction steps.
The high concordance observed between the OM sediment content, sediment SRP
fractions, and porewater SRP distributions and the way in which they vary between Zone
1, 2 and 3, and with depth suggest that the high porewater and sediment SRP
concentrations observed in the streambed may be linked to mineralization of organic-rich
sediment materials. Porewater samples were also tested for ammonium (NH4), which is
produced through organic matter decomposition. A significant positive correlation
between porewater sampler SRP concentrations and NH4 concentrations (Spearman rank
correlation, ρ = 0.57, p-value < 0.001; Appendix G) in all zones for all dates along the
centerline in the shallow sediments (0.1 m depth, Appendix D) further suggests that
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mineralization of organic-rich sediment at shallow depths may possibly be associated
with the high SRP concentrations.

3.4.2.2

Redox conditions

Redox-related processes, including Mn- and Fe-oxide precipitation and reductive
dissolution, have the potential to influence the retention and release of SRP to the
streambed sediments (e.g., Giles et al., 2016; House, 2003; Scalenghe, Edwards,
Barberis, & Ajmone-Marsan, 2014), and therefore influence streambed porewater SRP
concentrations (Casillas-Ituarte et al., 2019; Lewandowski & Nützmann, 2010). To
explore the effect of redox conditions on the spatio-temporal SRP variations observed in
this study, streambed porewater chemistry data (NO3--N, Mn, Fe, SO4) were evaluated
against specified redox criteria (Table 3-2; based on the framework developed by
McMahon & Chapelle (2008)) to identify the dominating redox processes. Considering
the combined porewater sampler data set (all three zones), separated by sampling depth
(Figure 3-9), it is clear that higher SRP concentrations occur with more reducing
conditions (Mn reduction, but especially elevated for Fe(III)/SO4 reduction and
methanogenesis at the 0.1 m depth specifically). In contrast, all samples under lessreducing conditions had relatively low SRP. This suggests some control of SRP retention
and release in the streambed sediments by redox-driven Fe cycling, and possibly also by
redox-driven Mn cycling. Elevated SRP was also observed for samples classified as
mixed redox conditions. These samples likely reflect the capture of different water
chemistries during sampling, including the more reducing conditions, resulting from
sharp redox gradients associated with complicated flow paths (including hyporheic flow)
or geochemical heterogeneity (McMahon & Chapelle, 2008; Roy & Bickerton, 2014). A
similar SRP-redox relationship, with high SRP concentrations observed under conditions
of Fe(III)/SO4 reduction and methanogenesis (indicating Fe(III)/SO4 reduction at
completion), was reported by Roy & Bickerton (2014), who applied this same framework
to porewaters of several urban streams.
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Figure 3-9: Box plots of SRP concentrations from samplers (excluding peepers)
considering all data for all sampling dates for Zones 1, 2 and 3 with locations
classified based on the dominant redox process. The subplots show the data for (a)
0.1 m depth, (b) 0.2 m depth, (c) 0.3 m depth, and (d) 0.4 m depth. “Less-reducing”
includes oxic, suboxic and NO3- reducing conditions. The bottom whisker indicates
the minimum concentration, the box indicates the concentrations between the first
and third quartile, and the top whisker indicates the maximum concentration. The
horizontal line within the box indicates the median, and the × within the box
indicates the mean. The number above the box indicates the number of data points.
Looking more specifically at Zones 1 and 3, the dominant redox processes were those
captured under the term “less-reducing” (i.e., oxic, suboxic or NO3- reduction;
indistinguishable due to the lack of dissolved oxygen data; Table 3-3, Appendix H). Such
redox conditions typically favour the retention of SRP by adsorption to metal oxides
(Baken, Salaets, et al., 2015; Bol et al., 2018; Dolph et al., 2019; Jarvie et al., 2008),
which is consistent with the generally lower porewater SRP concentrations observed in
these zones. Other redox processes were occasionally observed in Zones 1 and 3, such as
mixed conditions being observed at all locations in the spring (April). More reducing
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conditions were also occasionally observed in Zone 3 at some sampling dates and depths
(i.e., NO3--Mn reduction, Mn reduction, and Fe-SO4 reduction were all observed at
various times), though no distinct temporal and depth patterns were observed.
The predominant redox process in Zone 2 was Fe(III)/SO4 reduction, which favours metal
oxide dissolution and the release of any adsorbed or co-precipitated P, with mixed
processes also often observed (Table 3-3; Appendix H). Considering the sampler data in
Zone 2 for all sampling dates, Fe and Mn concentrations were both significantly strongly
correlated with SRP concentrations (Spearman rank correlation, ρ = 0.54, p-value < 0.001
for Fe and SRP, and ρ = 0.65, p-value < 0.001 for Mn and SRP). Prior studies have also
found SRP retention and release in streambeds to be closely linked to Fe redox cycling
(e.g., Lewandowski & Nützmann (2010)). Note that the strong correlation between SRP
and Mn may reflect that Mn is already elevated in the porewater when SRP is released in
Fe-reduction zones. However, it is important to note that the samples associated with
more reducing conditions are not always associated with high SRP concentrations. In
particular, the sampler data generally indicate that more-reducing conditions are
associated with high SRP at shallow depths, but often have lower SRP at greater depths
(>0.3 m; Figure 3-10).
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Figure 3-10: Vertical profile view of streambed showing (a) and (c) SRP
concentrations (indicated by size and colour of bubble) measured by samplers, and
(b) and (d) redox conditions (colour of bubble) from samplers (DT and MLS). Black
line indicates streambed sediment surface, x-axis indicates the longitudinal distance
along the stream reach (m), y-axis indicates depth below a local benchmark (m).
Black dots indicate sampling location, and red ‘×’ indicates that a sample was
unable to be collected. Sampling depth measured to the center of the sampler
screen. The “Less-reducing” zone is a combination of oxic, suboxic, and NO3reducing conditions, as these three zones could not be distinguished from one
another due to the lack of O2 data.

The spatial and temporal patterns in SRP and redox conditions close to the streambed
surface in Zone 2 were further explored using the peeper sampling data. While the
chemistry data available from the peeper samples are more limited (i.e., only three
sampling periods and incomplete sets due to perforated membranes during installation or
removal, meaning certain chambers could not be sampled as they were compromised),
results indicate redox conditions in shallow sediments in Zone 2 are often well matched
with SRP concentrations (Figure 3-6). As the chambers positioned above the streambed
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surface and therefore exposed to oxic surface water consistently result in less-reducing
(oxic, suboxic or NO3- reducing) zones (Figure 3-6 (d), (e) and (f)), it can be assumed that
these locations are under oxidizing conditions. General redox pattern in the porewater is
apparent along the stream and with depth, with more reducing conditions dispersed
throughout the streambed in Zone 2 (with the exception of x = 21 m) and less-reducing
conditions observed at shallow depths (Figure 3-6 (d), (e), and (f)). Consistent with the
sampler data, the peeper data show overall that the high SRP concentrations consistently
occur for samples classified with Fe(III)/SO4 reduction (mean SRP = 456 ± 347 µg/L,
max SRP = 1446 µg/L) or Mn reduction (mean SRP = 276 ± 164 µg/L, max SRP = 628
µg/L), and lower SRP concentrations occur for samples classified as less-reducing (mean
SRP = 37 ± 70 µg/L, max SRP = 355 µg/L) or NO3--Mn transition (mean SRP = 25 ± 8
µg/L, max SRP = 31 µg/L) conditions (See Appendix I for full breakdown). Consistent
with this, Fe and SRP, and Mn and SRP are significantly strongly correlated for the
peeper samples (ρ = 0.76, p-value < 0.001, and ρ = 0.66, p-value < 0.001, respectively,
Spearman rank correlation). Drawing from the sampler and peeper data in Zone 2, it is
evident that more-reducing conditions (Fe(III)/SO4 and to lesser extent Mn reduction;
plus methanogenesis, despite limited times and locations here) are associated with high
SRP at shallow depths (Figures 3-6 and 3-10), but SRP concentrations at depth (≥ 0.25
m) are generally lower despite more-reducing conditions also occurring at depth. This
suggest there may be less availability of SRP at deeper depths (either from streambed
sediments or from groundwater that may be flowing up through the streambed), and
therefore even with more-reducing conditions occurring the SRP concentrations remain
low. This corresponds with what was observed from sediment chemical extractions,
where larger amounts of sediment bound SRP were observed at shallower depths (Figure
3-7).
In addition to spatial variations, temporal variations in redox processes associated with
the peeper samples were also observed (Figure 3-6 (d), (e) and (f)). From the three peeper
sampling times, it appears that the conditions within the top ~0.15 m of the streambed
shifted from a dominance of more-reducing conditions in the late summer (September),
to increasingly more occurrence of less-reducing (more oxic) conditions into the autumn
(November) and winter (January). Specifically, the redox conditions on 3 September
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2020 were observed to be predominantly Mn or Fe(III)/SO4 reducing throughout the
shallow streambed (i.e., x = 21-28 m), with only one porewater sample classified as lessreducing (i.e., x = 27 m; Figure 3-6 (d)). The November results showed more variable
redox conditions close to the streambed surface with less-reducing conditions occurring
at a number of locations (i.e., x = 23, 25, 26, 27 and 28; Figure 3-6 (e)), with the rest of
the sampling locations predominantly under Fe(III)/SO4 reducing conditions. In January,
Fe(III)/SO4 reduction was only seen at four sampling points (i.e., x = 23, 24, 25, and 25.5;
Figure 3-6 (f)), and at greater depths, with the rest of the locations showing mostly lessreducing conditions. This corresponds with what is observed with the peeper SRP
concentrations (Figure 3-6), with areas that become less-reducing in autumn and winter
also having much lower SRP concentrations.
The correspondence between less-reducing conditions and lower SRP concentrations
(mean = 23 ± 9 µg/L) at some shallow depths at some sampling times (i.e., x = 21, 23, 25,
26, 27 m on 5 November 2020, and x = 21, 24, 25, 27, 28 m on 19 January 2021; Figure
3-6 (e) and (f), respectively) is consistent with what was observed by Jarvie et al. (2008)
for fine shallow sediments in an agricultural and sewage-impacted streams. Jarvie et al.
(2008) speculated that SRP was immobilized in the near-surface sediments under
oxidizing conditions (i.e., an oxic cap) through processes such as Fe oxidation coprecipitation and adsorption, and that the presence of this oxic cap may limit SRP release
from streambeds to the stream. It is possible that the influence of oxic surface water at
our site contributes to more oxic conditions close to the streambed surface and may cause
SRP to become immobilized (this will be discussed further in Section 3.4.2.3).
Importantly, however, at certain locations and times (i.e., all locations on 3 September
and x = 24 and x = 25.5 on 5 November; Figure 3-6 (d) and (e), respectively) the SRP
concentrations remain high (mean = 480 ± 221 µg/L) close to the streambed surface, and
the conditions remain reducing under either Mn reduction or Fe(III)/SO4 reduction. This
suggests that while this apparent oxic cap exists it is not continuous and varies spatially
and seasonally.
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3.4.2.3

Hydrological controls

Spatial and temporal patterns in SRP and redox may be influenced by groundwatersurface water interactions within the transition zone. General patterns of groundwatersurface water interaction at the study site can be inferred from spatial streambed
temperature mapping, vertical temperature profiles, and potentiomanometer readings
conducted by Robinson (2021) (Table 3-3), as well as by porewater concentrations of
chemicals that have different endmember concentrations in the stream versus the
groundwater moving upward through the streambed. In particular, Cl can be a good tracer
to infer groundwater-surface water interaction patterns as it generally conservative with
distinct groundwater and surface water endmember concentrations (i.e., mean surface
water Cl = 23 ± 3 mg/L [n = 11] versus mean groundwater Cl concentrations [at x = 10] =
13 ± 6 mg/L [n = 42]). NO3--N and SO4 porewater concentrations may also help to
identify areas of more oxic surface water infiltration into the streambed, as these
compounds break down under more reducing conditions.
The overall SRP spatial patterns observed between Zones 1, 2 and 3 may be related to the
distinctly different sediment permeability and groundwater discharge patterns observed
between these three zones. Zones 1 and 3 had lower mean porewater SRP concentrations
compared with Zone 2 and this may be due to the higher sediment permeability and
higher groundwater discharge in these zones (Table 3-3). The porewater Cl
concentrations in Zones 1 and 3 (at x = 10 m and 38 m) were relatively uniform with
depth and lower than the stream concentrations which also suggests groundwater
upwelling through the streambed in these zones (Figure 3-11 (c); Appendix J). The
typically less-reducing porewater in these zones (Table 3-3; Appendix H) further
suggests that the upwelling groundwater may be less-reducing (e.g., associated with
shallow groundwater flow paths) and this may be contributing to the lower observed SRP
concentrations. The NO3--N and SO4 concentrations in Zone 1 also showed consistent
patterns with depth, and typically showed porewater NO3--N concentrations higher than
the surface water concentrations and porewater SO4 concentrations lower than the surface
water concentrations, which are consistent with the less-reducing conditions (Figure 3-11
(d), (e)). NO3--N and SO4 in Zone 3 patterns were not as clear (Appendix J). Finally, it is
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important to note that the groundwater discharge, as inferred from streambed temperature
mapping, is less consistent in Zone 3 compared to Zone 1 and this may explain the higher
porewater SRP concentrations and more reducing redox conditions observed in Zone 3 at
some locations and times.
The highest porewater SRP concentrations were observed in Zone 2 where the streambed
sediment is finer sediment and there was minimal groundwater upwelling and possible
surface water downwelling (Table 3-3). The lower permeability is expected to result in
long porewater residence times and this may contribute to the more reducing conditions
observed. Furthermore, the longer residence times may provide sufficient time for
mineralization of organic matter associated with the organic-rich surficial streambed
sediment. This may in part explain the high observed porewater SRP concentrations at
shallow depth. The streambed temperature mapping, potentiomanometer readings and
porewater chloride concentration distributions indicate high spatial variability in the
upwelling/downwelling patterns in Zone 2 at the meter scale (i.e., at x = 20 m results
show groundwater upwelling, but at x = 21 m results show potential surface water
downwelling; Figure 3-3; Appendix K). This may explain why although the redox
conditions in Zone 2 were typically reducing (Table 3-3) and favourable for high SRP
concentrations, mixed and less-reducing conditions as well as lower SRP concentrations
were also observed in Zone 2 at some locations and depths (i.e., x = 23, 24, 25.5, 27, 28
m; Figure 3-10 (b)). Note that one location in Zone 2 (x = 21 m) follows different patterns
than the rest of the sampling locations in Zone 2 with typically lower porewater SRP
concentrations and less-reducing conditions (Figure 3-10). This location exhibited similar
patterns in porewater Cl and NO3--N as seen in Zones 1 and 3 and therefore may be a
location with predominately groundwater discharge (Appendix J).
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Figure 3-11: Parameters measured over time at x = 10 m (Zone 1) for (a)
Groundwater level over time (b) SRP over time (c) Cl over time (d) NO3--N over
time (e) SO4 over time. Sampling depth indicated by the colour of the line in figures
(b)-(e).
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Temporal patterns in the groundwater-surface water exchange were also observed and
these may have contributed to temporal variability in the SRP data. In addition to spatial
streambed temperature mapping, Robinson (2021) also installed vertical temperature rods
across the stream reach (providing continuous temperature measurements at higher
vertical resolution below streambed) and used the FLUX-LM model (one-dimensional
steady state temperature transport model) to provide more insight into the temporal
variations in the groundwater-surface water exchange patterns at certain locations along
the reach. Overall, Zones 1 and 3 (and x = 21 m in Zone 2) were all found to exhibit
similar temporal variations in groundwater-surface water exchange with increased
groundwater discharge in the winter months compared to the summer months. Zone 2,
characterized by smaller magnitude groundwater fluxes (compared to Zones 1 and 3),
showed high temporal variability in fluxes at some sampling locations but these
variations where not coherent between all six sampling locations. The potential control of
the changing groundwater-stream interaction patterns on the temporal SRP patterns are
discussed below with a focus on Zone 1 and the shallow streambed in Zone 2 as
examples.
Porewater SRP concentrations in Zone 1 were consistently low (<30 µg/L) except at 0.1
m below the streambed surface in September 2020 (porewater SRP = 46 µg/L; Figure
3-11 (b)) – this higher SRP concentration may have been due to surface water
downwelling (surface water mean SRP concentration = 35 ± 15 µg/L; n = 11). This is
supported by the groundwater flux patterns inferred from the temperature rods installed in
Zone 1 which indicated groundwater discharge was higher from December 2019 until
June 2020, compared with July 2020 to November 2020. This is consistent with the
groundwater levels measured by the piezometer installed at x = 10 m (Figure 3-11 (a)),
which showed groundwater levels were lower during the September-November 2020
time period, and thus the potential for groundwater discharge to the stream may have
been lower, and the potential for surface water infiltration higher over this period.
Porewater Cl concentrations at x = 10 m at all sampling depths (0.1 – 0.4 m) were also
observed to increase through September, October, and November 2020, reaching
concentrations close to that observed in the surface water (Figure 3-11 (c)). SO4 and NO3-N concentrations also followed a similar pattern during this time period, with porewater
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NO3--N and SO4 concentrations becoming more similar to the surface water
concentrations (Figure 3-11 (d), (e)). These patterns in Cl, SO4 and NO3--N
concentrations further indicate that from September to November, surface water may
have been downwelling and delivering SRP to the streambed, especially at the shallow
0.1 m depth. Despite the potential change in flows, redox conditions did not vary
considerably in Zone 1 over the monitoring period with less-reducing conditions
dominating.
For Zone 2, the sampler data indicate that overall the SRP concentrations were lowest in
November 2020 compared to other sampling times (Figure 3-4). Additionally, peeper
data indicate that during this period the conditions in the shallow streambed transitioned
from more-reducing to less-reducing and the SRP concentrations also decreased (Figure
3-6). While the spatial and temporal variability in the fluxes in Zone 2 (excluding x = 21
m) are more complex and were more challenging to measure compared to Zone 1,
temperature rod data indicated that groundwater discharge may have lessened in some
locations in Zone 2 in November 2020 (K. Robinson, 2021). Further, the peeper data
indicate that the porewater Cl, NO3--N, and SO4 concentrations increased through
November and reached concentrations similar in magnitude to those observed in the
surface water in January, indicating possible surface water downwelling (Appendix B;
Figure 3-6). This surface water downwelling may have contributed to the less-reducing
conditions that are seen at more locations along the stream at shallow depth in November
(i.e., x = 25, 26, 27, 28; Figure 3-6 (e)). Finally, comparison of the peeper data and deeper
sampler data suggest that surface water downwelling may have only primarily influenced
the redox conditions and SRP at shallow depths (<0.1 m), possibly due to the low
sediment permeability in Zone 2 (Figure 3-6 (e), (f)). Jarvie et al. (2008) suggested that
for their sites, the oxic cap in lower permeability streambed sediments was driven by
oxygen diffusion from the overlying surface water. However, our data indicate that at
certain times surface water downwelling (hyporheic exchange) may supply oxygen to
shallow sediments at our site, and at other times upwelling groundwater may push the
more reducing zone upwards, potentially all the way to the stream bed surface, thereby
eliminating the oxic cap which otherwise may act as a barrier for SRP release from the
porewater to the overlying stream. The results suggests that during the September
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sampling there was an overall lack of an oxic cap, however the consistently low SRP
concentrations across the shallowest depths observed during the November and January
sampling suggest that the oxic cap may be present and temporally variable during this
time.

3.4.3

Potential for SRP contributions to the stream

Over the 12-month sampling period, the mean surface water SRP concentration was 36 ±
16 µg/L (n = 18) which was lower than the porewater concentrations in Zones 2 and 3. In
addition to porewater and surface water sample, tile drain samples were also collected
when the drains were flowing (June 2020, July 2020 and May 2021), for which SRP
concentrations ranged between 37 to 87 µg/L (n = 4). While the tile drain SRP
concentrations were higher than the surface water concentrations and above the eutrophic
threshold (30 µg/L; CCME, 2004), they were still lower than 34% of samples in Zones 2
and 23% of samples in Zone 3. The tile drain SRP concentrations combined with the
lower SRP concentrations observed at depth in Zone 1 (groundwater upwelling location)
indicate that the high porewater SRP concentrations in the streambed are likely not due to
high SRP in groundwater moving from the field to the stream. Rather, this data together
with the observed high concentrations of SRP associated with the shallow streambed
sediment suggest that SRP release from the shallow sediment itself may be responsible
for the high porewater SRP in the streambed, particularly in Zone 2.
Zone 1 is an unlikely source of high SRP concentrations to the stream despite the
potential for groundwater discharge due to the low SRP concentrations (typically close to
or below the surface water concentrations). Zone 3 could be an important enhancing
source of SRP to the surface water as it exhibited occasionally high SRP concentrations
and strong potential upwelling. Porewater SRP concentrations in Zone 2 were typically
significantly higher than the mean surface water concentrations, but as this zone
exhibited minimal flux it is possible that SRP discharge to the stream via groundwater
discharge could be limited. However, it is still possible that groundwater-surface water
exchange in the shallow sediments, including hyporheic exchange and diffusion, may
result in net delivery of the high SRP concentrations occasionally observed close to the
streambed surface to the stream and enhance the concentration of SRP in the overlying
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surface water. Additionally, SRP inputs from the streambed, particularly from Zone 2,
may be temporally controlled by the variable and spatially discontinuous oxic cap, with
the potential for more discharge in the summer and early fall compared to late fall and
winter.

3.5

Conclusions

This study assessed the spatio-temporal variability and geochemical and hydrologic
controls on porewater SRP in the streambed along an agricultural stream reach, including
the potential influence of groundwater-surface water interactions. Approximately
monthly porewater sampling conducted over one year indicated that no distinct seasonal
patterns were observed in porewater SRP concentrations at deeper depths below the
streambed surface. At shallower depths, possible temporal variability was observed with
lower porewater SRP concentrations occurring in late fall and winter (note that high
spatial resolution shallow peeper sampling was only conducted on three occasions and
therefore the full seasonal variability could not be explored).
Analysis of redox sensitive constituents showed that lower SRP concentrations were
generally associated with less-reducing conditions, and higher SRP concentrations were
generally associated with more reducing conditions. The data indicated that redox-driven
Fe cycling (and potentially also redox-driven Mn cycling) may influence SRP retention
and release in the streambed sediments, especially close to the streambed surface.
Low SRP concentrations deeper in the streambed in Zone 2 despite Fe-reducing
conditions at depth suggest that high porewater SRP concentrations at shallow depths
may be derived from shallow P-rich streambed sediments themselves. This was further
supported by chemical sediment extraction which revealed that SRP sediment fractions
were the highest in the shallow (≤ 0.1 m) streambed sediment. Additionally, loss on
ignition analysis of sediment cores revealed that high SRP fractions were positively
correlated to organic matter content, suggesting that organic matter mineralization may
also be an important source of SRP in the shallow streambed.
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The study also provided insight into the potential release of SRP from the streambed to
the overlying stream. Data indicated that while an oxic cap may form close to the
streambed surface and potentially limit SRP flux to the overlying stream (as proposed by
Jarvie et al. (2008)), this oxic cap is spatially and temporally discontinuous. Assessment
of the potential hydrologic controls on the SRP retention and release in the streambed
revealed that at certain times during the year, groundwater discharge may lessen and
hyporheic flows (surface water downwelling) may increase, which may be responsible
for the spatially and temporally discontinuous oxic cap. It was determined that Zone 1
(highest groundwater flux and lowest porewater SRP concentrations) is likely not a
significant source of enhancing SRP to the stream, whereas Zone 3 (high groundwater
flux and high porewater SRP concentrations) may be an enhancing source of SRP to the
overlying surface waters. In Zone 2, which had the lowest magnitude of groundwater
discharge but highest SRP concentrations, groundwater-surface water exchange in the
shallow sediments, including hyporheic exchange and diffusion, may result in SRP
delivery to the stream and enhance the SRP stream concentrations.
Overall, this study provides improved understanding of SRP dynamics near the
groundwater-stream interface as needed to better understand factors that may promote
release of legacy P from groundwater and streambed sediments to streams. This
understanding is needed to improve water quality modeling efforts as well as implement
more effective management strategies for the reduction of SRP loads to agriculture
streams.
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Chapter 4

4

Summary and Recommendations

4.1 Summary
High inputs of nutrients including phosphorus (P) threaten the health and integrity of
inland waters in Canada and around the world (Le Moal et al., 2019; Paerl et al., 2011).
Excess P inputs (specifically the bioavailable form, soluble reactive P or SRP) can result
in the eutrophication of freshwater systems, potentially resulting in harmful algal blooms,
oxygen depletion, and compromised drinking water quality (Bol et al., 2018; Riemersma
et al., 2006). Lake Erie in particular has been experiencing harmful algal blooms in recent
years despite efforts to improve the water quality. This may partially be due to legacy P
stores, including P stored in aquifer systems and streambed sediments, that may act as a
sustained source of SRP to surface water over time (Casillas-Ituarte et al., 2019; Han et
al., 2012; Jarvie et al., 2017; Orihel et al., 2017). The potential contribution of
groundwater in delivering SRP to streams in agricultural areas is not well understood.
Further, although prior studies have assessed the retention and release of SRP in
streambeds including the potential influence of groundwater-stream interactions,
considerable uncertainty regarding the spatio-temporal variability, and geochemical and
hydrological controls on the fate and transport of SRP in streambeds remains. This study
was conducted in Kintore Creek, located in the Thames watershed in the Lake Erie Basin
in southwestern Ontario, Canada, and aimed to address these uncertainties.
To address the current research gaps, the objectives of this thesis are:
1) Assess the spatio-temporal variability in streambed porewater SRP concentrations
along an agricultural stream reach including the potential influence of
groundwater-stream interactions; and
2) Identify the geochemical and hydrological controls on streambed porewater SRP
distributions along an agricultural stream reach.

89

The first objective was addressed by conducting approximately monthly sampling of
surface water and streambed porewater in a 40 m agricultural stream reach over a 12month period using a variety of sampling apparatus (samplers, peepers; installed along
the centerline of the stream). Porewater SRP concentrations were found to vary between
three distinct zones that were identified along the stream reach. Zone 1 exhibited lower
porewater SRP concentrations (mean = 14 ± 6 µg/L, n = 42), minimal variation with
depth (between 0.1 and 0.4 m below streambed surface), and limited temporal variability.
Zone 3 showed higher sampler porewater SRP concentrations (mean = 67 ± 78 µg/L, n =
22) and some variation with depth between 0.1 and 0.4 m below the streambed surface.
High spatial resolution peeper sampling data revealed higher SRP concentrations close to
the streambed surface (<0.25 m below streambed surface), with mean concentrations
exceeding the hypereutrophic threshold conditions (100 µg/L; CCME, 2004; mean = 116
± 144 µg/L; n = 12). Porewater SRP concentrations were observed to vary somewhat
over time with higher concentrations observed from July 2020 to November 2020
compared to the other sampling dates. Zone 2 had the highest sampler porewater SRP
concentrations (mean = 160 ± 290 µg/L, n = 311) with 30% of samples exceeding the
threshold for hypereutrophic conditions (100 µg/L; CCME, 2004), and 3.5% samples
exceeding this threshold by at least an order of magnitude. Zone 2 also displayed a
consistent pattern in SRP concentrations with depth, with the highest SRP concentrations
typically found in the shallow (≤ 0.1 m below streambed surface) sediments. High spatial
resolution peeper sampling data showed high porewater SRP concentrations (mean = 311
± 321 µg/L; n = 89) within the top ~0.25 m of the streambed. While sampler results did
not reveal a distinct seasonal pattern, peeper results suggested a possible seasonal pattern,
with SRP concentrations particularly close to the streambed surface highest in September
2020, variable in November 2020, and lowest in January 2021. This suggests it is
possible that seasonal variations in SRP concentrations in streambeds may be greater
close to the streambed surface compared to deeper depths. This finding is important for
understanding seasonal variability in SRP fluxes from the streambed sediment to the
overlying stream.
To address the second objective, sediment cores were collected and analyzed (via P
chemical extractions and loss-on-ignition organic matter content tests), and collected
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water samples (from samplers and peepers) were analyzed for Cl, nitrate (NO3--N),
sulphate (SO4), iron (Fe), manganese (Mn), aluminum (Al), and ammonium (NH4).
Chemical extractions revealed that extractable SRP fractions and organic matter (OM)
content were the highest in the streambed sediment in Zones 2 and 3, and typically higher
at shallow depths. This suggested that SRP is being stored in the shallow streambed
sediment and this could be due to either a) SRP being sequestered from passing
porewater (discharging groundwater or infiltrated surface water) in the shallow streambed
sediments in greater quantities compared to the deeper sediments, or b) the deposition of
P-rich sediments on the streambed surface (i.e., deposition of eroded agricultural soils),
whereas deeper sediments were originally devoid of OM or it has been mineralized
previously. A significant positive correlation existed between porewater sampler SRP and
NH4 concentrations in the shallow sediments (0.1 m depth) in all zones for all dates along
the centerline of the stream (Spearman rank correlation, ρ = 0.57, p-value < 0.001), which
further suggested that mineralization of organic-rich sediment at shallow depths may
possibly be contributing to the high porewater SRP concentrations.
Analysis of redox sensitive constituents showed that lower SRP concentrations were
generally associated with less-reducing conditions, and higher SRP concentrations were
generally associated with more reducing conditions. The data suggested that SRP
retention and release in the streambed sediments is influenced by redox-driven Fe
cycling, and possibly also influenced by redox-driven Mn cycling. In Zone 2 for all
sampling dates, Fe and Mn concentrations were both significantly strongly correlated
with SRP concentrations (Spearman rank correlation; ρ = 0.54, p-value < 0.001 for
sampler Fe and SRP, and ρ = 0.65, p-value < 0.001 for sampler Mn and SRP; ρ = 0.76, pvalue < 0.001 for peeper Fe and SRP, and ρ = 0.66, p-value < 0.001 for peeper Mn and
SRP). These correlations were stronger at shallower depths. Low SRP concentrations
deeper in the streambed in Zone 2 despite Fe-reducing conditions at depth suggest that
SRP may not be elevated in the groundwater (from the adjacent fields) that is moving
through the streambed towards the stream. This in turn suggests that the high porewater
SRP concentrations at shallow depth below the streambed surface may be due SRP
release from shallow P-rich streambed sediments themselves. While clear temporal
patterns in streambed redox conditions were not observed from the sampler data,
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temporal patterns were observed in the peeper samples. The peeper sampling data
indicate that the redox conditions in the top ~0.15 m of the streambed shifted from being
predominately more-reducing in the late summer (September), to increasingly lessreducing (more oxic) into the autumn (November) and winter (January). This is
consistent with the temporal patterns observed in the SRP concentrations with lower SRP
concentrations observed close to the streambed surface in winter (January) compared to
summer (September). This suggests that while an oxic cap may form close to the
streambed surface and potentially limit SRP flux to the overlying stream (as proposed by
Jarvie et al. (2008)), this oxic cap is spatially and temporally discontinuous. This finding
is important because it suggests that SRP release from the streambed to streams may be
considerable at certain times and locations.
By combining various parameters – including spatial streambed temperature mapping,
vertical temperature profiling, Cl, SO4, NO3--N, redox conditions, and SRP – the
potential hydrologic controls on the SRP retention and release in the streambed were
inferred. Results indicated the groundwater flux varied spatially (i.e., between Zones 1, 2
and 3) and temporally across the stream reach. Overall, data indicate that groundwater
discharge may have been lower and hyporheic flows (surface water downwelling) higher
from July – November 2020 in all three zones compared to the remainder of the 12month study period. In Zones 1 and 2, lower SRP was observed occasionally during this
time (i.e., November) and the redox conditions of the shallow streambed in Zone 2
transitioned from more reducing to less-reducing. These variations in hyporheic flows
(both magnitude of the flows, and flow paths themselves) may be responsible for the
spatially and temporally discontinuous oxic cap and may impact the retention and release
of SRP in streambed sediments and its potential release to the overlying stream.
Finally, potential for SRP to be released from the streambed to the stream was evaluated.
Mean surface water SRP concentrations were found to be 36 ± 16 µg/L (n = 18), which
was typically higher than the porewater concentrations of Zone 1, and lower than the
porewater concentrations in Zones 2 and 3. Despite exhibiting the highest flux, Zone 1
consistently showed low SRP concentrations, and therefore is not a likely significant
source of SRP to the stream. Due to the higher SRP concentrations paired with
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occasionally higher groundwater discharge, SRP contributions to the stream in Zone 3
may be considerable. In Zone 2, which had the lowest magnitude of groundwater
discharge but highest SRP concentrations, groundwater-surface water exchange in the
shallow sediments, including hyporheic exchange and diffusion, may result in SRP
delivery to the stream and enhance the SRP stream concentrations. Additionally, SRP
inputs from the streambed, particularly from Zone 2, may be temporally controlled by the
presence of a temporally variable and spatially discontinuous oxic cap, with the potential
for more SRP discharge in the summer and early fall compared to late fall and winter.
The overall findings from this thesis highlight that the release and retention of SRP in
agriculture streambed sediments can be highly spatially variable and dependent on a wide
range of geochemical and hydrological controls. The findings improve current
understanding of SRP dynamics near groundwater-stream interface as needed to better
understand factors that may promote release of legacy P from groundwater and streambed
sediments. This understanding is needed to improve water quality modeling efforts as
well as implement more effective management strategies for the reduction of SRP loads
to agriculture streams.

4.2 Recommendations
Recommendations for further research that would aid in the understanding SRP release
and retention in streambed sediments including the influence of groundwater-stream
interactions are as follows:
•

Similar sampling should be conducted at other agricultural streams to confirm the
findings of our study and their broad applicability to other stream sites.

•

Porewater peeper sampling was only conducted on three separate occasions (late
summer, fall, and winter). More regular sampling and additional sampling in the
spring is needed to determine the full extent of seasonal variations in SRP
retention and release in the top ~0.25 m of the streambed, including the temporal
variations in the oxic cap.
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•

While sampling was conducted monthly, higher temporal resolution sampling
during times of interest could provide more temporal detail of the geochemical
conditions (i.e., more frequent sampling in the transition season when conditions
changed in the shallow streambed sediments from no oxic cap to oxic cap, in
times where there was elevated SRP, etc.).

•

Flux data (i.e., from vertical temperature profiles) was somewhat limited in this
study. Detailed measurement of the groundwater-stream exchange fluxes is
needed across the reach to better determine how the SRP fluxes to the stream vary
spatially and over time.

•

Higher resolution continuous surface water monitoring should be conducted
during the summer and fall, as slightly elevated surface water SRP concentrations
were consistently observed during this time. This data should be compared to
fertilizer schedules for adjacent fields and tile drain samples, to assess if these
pathways are important contributors of SRP to the stream during these times.

•

This study focused on the centerline of the stream. While samples were taken
from the sides of the stream as well (i.e., close to the banks), higher spatial
resolution could have been used to provide further insight into SRP fluxes from
groundwater discharging close to the sides of the stream.
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Appendices
Appendix A: SRP cross sections for all zones and all
sampling dates
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Figure A-1. Vertical profile view of streambed showing porewater SRP
concentrations (indicated by size and colour intensity of the bubble). (a) - (k)
includes all zones, (l) - (v) include Zone 2 only. The black line indicates streambed
sediment surface, x-axis indicates the longitudinal distance along the stream reach
(m), y-axis indicates depth below a local benchmark (m). The black dots and red ‘×’
indicate sampling locations with and without a sample collected, respectively, with
the sampling depth measured to the center of the sampler screen.
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Appendix B: Peeper cross section figures

Figure B-1: Vertical profile view of streambed showing 3 September 2020 peeper
concentrations for all parameters. The black line indicates streambed sediment
surface, x-axis indicates the longitudinal distance along the stream reach (m), y-axis
indicates depth below a local benchmark (m). Black dots indicate sampling
locations, and red ‘×’ indicates that a sample was not collected from that chamber
due to a breach in the peeper membrane during installation or removal. The
sampling depths indicated are measured to the center of the peeper chamber.
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Figure B-2: Vertical profile view of streambed showing 5 November 2020 peeper
concentrations for all parameters. The black line indicates streambed sediment
surface, x-axis indicates the longitudinal distance along the stream reach (m), y-axis
indicates depth below a local benchmark (m). Black dots indicate sampling
locations, and red ‘×’ indicates that a sample was not collected from that chamber
due to a breach in the peeper membrane during installation or removal. The
sampling depths indicated are measured to the center of the peeper chamber.
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Figure B-3: Vertical profile view of streambed showing 19 January 2021 peeper
concentrations for all parameters. The black line indicates streambed sediment
surface, x-axis indicates the longitudinal distance along the stream reach (m), y-axis
indicates depth below a local benchmark (m). Black dots indicate sampling
locations, and red ‘×’ indicates that a sample was not collected from that chamber
due to a breach in the peeper membrane during installation or removal. The
sampling depths indicated are measured to the center of the peeper chamber.
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Appendix C: Centerline versus side of stream samples and
their porewater SRP concentrations
Table C-1: Comparison of porewater SRP concentrations measured by samplers at
the centerline and at the side of streambed (close to bank).
Centerline

Zone 2

Zone 3

138 ± 270

14 ± 6

160 ± 290

67 ± 78

437 ± 541

1981

46

1981

294

1911

375

42

311

22

48

(all zones)
Average
SRP (µg/L)
Maximum
SRP (µg/L)
n

East bank

Zone 1

(Zone 2)

Table C-2: Comparison of porewater SRP concentrations by depth measured by
samplers at the side of streambed (close to bank).
East bank (Zone 2) 10 cm

East bank (Zone 2) 30 cm

Average SRP (µg/L)

392 ± 409

500 ± 679

Maximum SRP (µg/L)

1285

1911

n

28

20

Table C-3: Comparison of porewater SRP concentrations measured by peepers at
the centerline and at the side of streambed (close to bank).
Centerline

Zone 2

Zone 3

288 ± 312

N/A

311 ± 321

116 ± 144

409 ± 318

1446

N/A

1446

555

1150
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N/A

89

12

22

(all zones)
Average
SRP (µg/L)
Maximum
SRP (µg/L)
n

West bank

Zone 1

(Zone 2)

102

Appendix D: Additional parameter cross sections for all
zones and all sampling dates

Figure D-1. Vertical profile view of streambed showing porewater Fe concentrations
(indicated by size and colour intensity of the bubble) in Zones 1, 2 and 3. The black
line indicates streambed sediment surface, x-axis indicates the longitudinal distance
along the stream reach (m), y-axis indicates depth below a local benchmark (m). The
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black dots and red ‘×’ indicate sampling locations with and without a sample
collected, respectively, with the sampling depth measured to the center of the
sampler screen.
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Figure D-2. Vertical profile view of streambed showing porewater Mn
concentrations (indicated by size and colour intensity of the bubble) in Zones 1, 2
and 3. The black line indicates streambed sediment surface, x-axis indicates the
longitudinal distance along the stream reach (m), y-axis indicates depth below a
local benchmark (m). The black dots and red ‘×’ indicate sampling locations with
and without a sample collected, respectively, with the sampling depth measured to
the center of the sampler screen.
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Figure D-3. S Vertical profile view of streambed showing porewater Al
concentrations (indicated by size and colour intensity of the bubble) in Zones 1, 2
and 3. The black line indicates streambed sediment surface, x-axis indicates the
longitudinal distance along the stream reach (m), y-axis indicates depth below a
local benchmark (m). The black dots and red ‘×’ indicate sampling locations with
and without a sample collected, respectively, with the sampling depth measured to
the center of the sampler screen.
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Figure D-4. Vertical profile view of streambed showing porewater NO3--N
concentrations (indicated by size and colour intensity of the bubble) in Zones 1, 2
and 3. The black line indicates streambed sediment surface, x-axis indicates the
longitudinal distance along the stream reach (m), y-axis indicates depth below a
local benchmark (m). The black dots and red ‘×’ indicate sampling locations with
and without a sample collected, respectively, with the sampling depth measured to
the center of the sampler screen.
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Figure D-5. Vertical profile view of streambed showing porewater SO4
concentrations (indicated by size and colour intensity of the bubble) in Zones 1, 2
and 3. The black line indicates streambed sediment surface, x-axis indicates the
longitudinal distance along the stream reach (m), y-axis indicates depth below a
local benchmark (m). The black dots and red ‘×’ indicate sampling locations with
and without a sample collected, respectively, with the sampling depth measured to
the center of the sampler screen.
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Figure D-6. Vertical profile view of streambed showing porewater Cl concentrations
(indicated by size and colour intensity of the bubble) in Zones 1, 2 and 3. The black
line indicates streambed sediment surface, x-axis indicates the longitudinal distance
along the stream reach (m), y-axis indicates depth below a local benchmark (m). The
black dots and red ‘×’ indicate sampling locations with and without a sample
collected, respectively, with the sampling depth measured to the center of the
sampler screen.
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Figure D-7. Vertical profile view of streambed showing porewater NH4
concentrations (indicated by size and colour intensity of the bubble) in Zones 1, 2
and 3. The black line indicates streambed sediment surface, x-axis indicates the
longitudinal distance along the stream reach (m), y-axis indicates depth below a
local benchmark (m). The black dots and red ‘×’ indicate sampling locations with
and without a sample collected, respectively, with the sampling depth measured to
the center of the sampler screen.
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Appendix E: Sediment extraction P fractions

Figure E-1: SRP fractions determined from sediment extraction analysis. Sediment
location indicated by location along the stream reach (m) and the depth (m) below
streambed surface.
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Appendix F: Sediment core organic matter content
Table F-1. Raw data from Loss-on-Ignition test with organic matter content (%)
calculated.

x (m)

Depth (m)

Initial

Final weight

Amount lost

weight (g)

(g)

(g)

Organic
matter
content

10

0.1

21.35

21.05

0.3

1.41%

10

0.4

29.6

29.14

0.46

1.55%

21

0.1

14.45

14.17

0.28

1.94%

21

0.2

14.9

14.66

0.24

1.61%

21

0.3

18.73

18.49

0.24

1.28%

21

0.4

20.45

20.05

0.4

1.96%

24

0.1

12.45

11.94

0.51

4.10%

24

0.2

14.65

14.31

0.34

2.32%

24

0.3

8.84

8.48

0.36

4.07%

24

0.4

11.01

10.74

0.27

2.45%

26

0.1

15.31

14.58

0.73

4.77%

26

0.2

12.47

11.94

0.53

4.25%

26

0.3

8.84

8.7

0.14

1.58%

26

0.4

2.04

1.95

0.09

4.41%

38

0.1

9.71

9.35

0.36

3.71%

38

0.4

26.89

26.49

0.4

1.49%

10

0

9.57

9.45

0.12

1.25%

21

0

8.78

8.64

0.14

1.59%

24

0

8.3

7.81

0.49

5.90%

26

0

13.34

13.1

0.24

1.80%

38

0

7.91

7.52

0.39

4.93%
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Appendix G: Spearman-rank correlations for MLS, DT and
peeper sampling
Table G-1. Spearman rank correlation between SRP, metals, and ammonium for
MLS and DT sampling. P values of <0.05 indicate that values are significantly
different. Alpha value of 0.05 used.
Spearman rank
coefficient (ρ)

P-value

Significance

SRP vs. Fe

0.546

6.50E-18

Significantly positively correlated

SRP vs. Mn

0.646

1.21E-26

Significantly positively correlated

SRP vs. Al

-0.022

0.69

Insignificantly negatively correlated

Fe vs. Mn

0.566

1.29E-20

Significantly positively correlated

Fe vs. Al

-0.067

0.24

Insignificantly negatively correlated

Mn vs. Al

-0.035

0.50

Insignificantly negatively correlated

SRP vs. NH4

0.572

1.19E-10

Significantly positively correlated

Table G-2. Spearman rank correlation between SRP and metals for peeper
sampling. P values of <0.05 indicate that values are significantly different. Alpha
value of 0.05 used. Results from all peeper locations (including peepers located along
the centerline and banks of the stream) were included in this analysis.
Spearman rank
coefficient (ρ)

P-value

Significance

SRP vs. Fe

0.756

2.85E-06

Significantly positively correlated

SRP vs. Mn

0.663

2.59E-05

Significantly positively correlated

Fe vs. Mn

0.861

2.10E-07

Significantly positively correlated
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Appendix H: Redox condition cross sections for all sampling
dates

Figure H-1. Vertical profile view of streambed showing porewater redox conditions
(measured via samplers), with each condition corresponding to a different colour, in
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Zones 1, 2 and 3. The black line indicates streambed sediment surface, x-axis
indicates the longitudinal distance along the stream reach (m), y-axis indicates depth
below a local benchmark (m). The black dots and red ‘×’ indicate sampling
locations with and without a sample collected, respectively, with the sampling depth
measured to the center of the sampler screen.
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Appendix I: SRP concentrations by redox condition and by
date for peepers

Table I-1: Peeper SRP concentrations divided by dominant redox condition for all
sampling dates combined.
1. Lessreducing

2. NO3-Mn
transition

3. Mn

4. Fe/SO4

reduction

reduction

5.
Methano-

6. Mixed

genesis

Average SRP (µg/L)

37 ± 70

25 ± 8

276 ± 164

456 ± 347

N/A

292 ± 243

Maximum SRP (µg/L)

355

31

628

1446

N/A

650

Minimum SRP (µg/L)

12

13

82

19

N/A

16

n

22

3

16

46

N/A

5

Table I-2: Peeper SRP concentrations divided by dominant redox condition for
September 2020 sampling date.
1. Lessreducing

2. NO3-Mn
transition

3. Mn

4. Fe/SO4

reduction

reduction

5.
Methano-

6. Mixed

genesis

Average SRP (µg/L)

355 ± 0

N/A

289 ± 161

399 ± 233

N/A

N/A

Maximum SRP (µg/L)

355

N/A

628

1080

N/A

N/A

Minimum SRP (µg/L)

355

N/A

110

90

N/A

N/A

n

1

N/A

15

18

N/A

N/A
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Table I-3: Peeper SRP concentrations divided by dominant redox condition for
November 2020 sampling date.
1. Lessreducing

2. NO3-Mn
transition

3. Mn

4. Fe/SO4

reduction

reduction

5.
Methano-

6. Mixed

genesis

Average SRP (µg/L)

30 ± 8

31 ± 0.5

82 ± 0

476 ± 339

N/A

N/A

Maximum SRP (µg/L)

46

31

82

1446

N/A

N/A

Minimum SRP (µg/L)

23

30

82

19

N/A

N/A

n

5

2

1

20

N/A

N/A

Table I-4: Peeper SRP concentrations divided by dominant redox condition for
January 2021 sampling date.
1. Lessreducing

2. NO3-Mn
transition

3. Mn

4. Fe/SO4

reduction

reduction

5.
Methano-

6. Mixed

genesis

Average SRP (µg/L)

20 ± 4

13 ± 0

N/A

534 ± 517

N/A

292 ± 243

Maximum SRP (µg/L)

27

13

N/A

1332

N/A

650

Minimum SRP (µg/L)

12

13

N/A

19

N/A

16

n

16

1

N/A

8

N/A

5
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Appendix J: Hydrologic indicator parameters over time

Figure J-1: Parameters over time in Zone 3.
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Figure J-2: Parameters over time in Zone 2 at x = 21.
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Figure J-3: Parameters over time in Zone 2 at all locations (except x = 21 m) at a
depth of 0.1 m.
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Appendix K: Summer and winter temperature mapping

Figure K-1: Plan view of stream showing streambed temperature differences
(between groundwater and surface water) (ΔT) across the study reach from (a) July
2020 and (b) March 2021 (note the different colour scales). “×” indicates the points
where streambed temperature readings were taken. From Robinson, 2021.
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Appendix L: Hydrological characterization of the study site
stream reach

Figure L-1: Measured stream stage over the study period.
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Appendix M: Photographs of Field Sampling Equipment

Figure M-1: Multi-level samplers (MLS) pictured (a) during construction when slots
were cut into the tubing; (b) and (c) installed in the stream (white tube with red cap)
next to black temperature rods.

Figure M-2: Dedicated tip (DT) samplers pictured (a) designed in AutoCAD for 3-D
printing; (b) printed, covered in filter mesh, and attached to tubing; (c) installed in
the stream using a drive-pint shaft and hammer drill.
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Figure M-3: Peeper samplers pictured (a) with broken membrane (left) after
sampling and without membrane (right); (b) with membrane intact after removal
from the stream, right before using a needle to puncture the membrane and draw
sample.

Figure M-4: Piezometer with slotted screen (pictured before installation).
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